










Seeing the forest for the streams: A multiscale study of land-use change and stream 
ecosystems in the Amazon's agricultural frontier 
 
 
























Submitted in partial fulfillment of the 
requirements for the degree of 
Doctor of Philosophy 











































© 2012  
Marcia Nunes Macedo 




Seeing the forest for the streams: A multiscale study of land-use change and stream ecosystems 
in the Amazon's agricultural frontier 
 
Marcia Nunes Macedo 
 
Global demand for agricultural products is an increasingly important driver of 
deforestation in the Amazon Basin. This dissertation examines the consequences of agricultural 
expansion for stream ecosystems in the southern Amazon’s agricultural frontier. At regional 
scales, the removal of watershed forest cover is known to change the energy balance and 
influence hydro-climatic cycling by altering stream flow, regional rainfall patterns, and land 
surface temperatures. At the landscape scale, these physical changes may be further exacerbated 
by land management practices that lead to the degradation of riparian forest buffers; decreases in 
connectivity; changes in the amount of light, nutrient, and sediment inputs; and decreases in 
water quality. Together, land use and management influence the quality and distribution of 
aquatic habitats within stream networks, potentially decreasing stream biotic integrity and 
resilience to further disturbances.  
Brazil’s Mato Grosso state is one of the most actively expanding agricultural frontiers in 
the world and represents an ideal case study for examining the linkages among tropical 
deforestation, agricultural expansion, and the conservation of freshwater ecosystems. Mato 
Grosso accounted for 40% of deforestation in the Brazilian Amazon during the early 2000s – 
primarily due to the expansion of soybeans and cattle ranching. Deforestation rates have since 
dropped throughout the Amazon, but there is a lack of spatially explicit information about the 
land use transitions accompanying this decline. To address this gap, I combined government data 
on deforestation and production with the MODIS satellite time series to quantify the spatial-
temporal dynamics of land use change in the region. Although agricultural expansion during this 
period slowed with declining commodity prices, the decline in deforestation is partly explained 
by a shift from soybean expansion into forests (26% of expansion from 2001-2005) to expansion 
into already cleared pasture lands (9% of expansion form 2006-2010). Beyond documenting 
these trends, the resulting dataset is a critical first step in evaluating the influence of land use and 
land use history on freshwater ecosystems at multiple scales. 
In the headwaters region of the Xingu River Basin, the proportion of small watersheds 
(microbasins) dominated by agriculture (>60% of area) increased from 20 to 40% from 2001 to 
2010. At the same time, the stream network became increasingly fragmented by the removal of 
riparian forest buffers and installation of farm impoundments. I used high resolution satellite data 
(ASTER) to produce the first landscape-level documentation of farm impoundments in the 
region, mapping approximately 10,000 impoundments (one per 7.6 km of stream length) in 2007. 
At the catchment scale, I collected field data in 12 headwater streams to examine the effect of 
land management on instream water quality. Watershed forest cover (from MODIS), the density 
of impoundments (from ASTER), and the percent forest in upstream riparian buffers (from 
Landsat) were all associated with substantial increases in stream temperature. These increases in 
fragmentation and water temperature may have large cumulative effects on the stream network 
and reduce the ability of downstream protected areas to conserve freshwater resources. At the 
scale of the Amazon Basin, my analysis indicates that 30% of indigenous lands and protected 
areas are highly vulnerable to future reductions in hydrologic connectivity, simply because of 
their location within their watersheds. These impacts could be substantially mitigated through 
enforcement of existing legislation to protect riparian buffers and new regulations to limit the 




Table of Contents 
 
List of Figures and Tables ............................................................................................................................. iii 
List of Abbreviations ....................................................................................................................................... v 
Acknowledgments ........................................................................................................................................... vi 
Dedication ........................................................................................................................................................... ix 
Chapter 1 .................................................................................................................................................................. 1 
Introduction ........................................................................................................................................................ 1 
The land-water interface ............................................................................................................................... 3 
Research objectives ......................................................................................................................................... 7 
Study system ...................................................................................................................................................... 8 
Research implications .................................................................................................................................... 14 
Dissertation structure .................................................................................................................................. 15 
References ........................................................................................................................................................ 19 
Chapter 2 ............................................................................................................................................................... 22 
Abstract ............................................................................................................................................................. 22 
Introduction ..................................................................................................................................................... 23 
Results and Discussion ................................................................................................................................ 26 
Conclusions ...................................................................................................................................................... 34 
Methods ............................................................................................................................................................. 37 
References ........................................................................................................................................................ 45 
Chapter 3 ............................................................................................................................................................... 48 
Abstract ............................................................................................................................................................. 48 
Introduction ..................................................................................................................................................... 49 
Methods ............................................................................................................................................................. 53 
Results ................................................................................................................................................................ 62 
Discussion and Conclusions ...................................................................................................................... 68 
References ........................................................................................................................................................ 81 
Chapter 4 ............................................................................................................................................................... 85 
Introduction ..................................................................................................................................................... 86 
Data and Methods .......................................................................................................................................... 91 
Results ................................................................................................................................................................ 96 
Discussion ......................................................................................................................................................... 99 




Chapter 5 ............................................................................................................................................................. 114 
Introduction ................................................................................................................................................... 114 
Amazon Basin scale – Managing forest cover for multiple benefits ........................................ 115 
Xingu Basin scale – Mitigating the impacts of agricultural expansion .................................... 117 
Microbasin scale – Managing rural properties ................................................................................. 119 
Governance – Challenges and opportunities for achieving cross-scale coordination ...... 121 
References ...................................................................................................................................................... 124 
Appendix A ......................................................................................................................................................... 126 









Figure 2.1: Deforestation in Mato Grosso, tons of soy produced, and number of heads of cattle produced  
from 2001-2010.. ............................................................................................................................................................. 42 
Figure 2.2: Postdeforestation land uses in a subset of the study region...................................................................... 42 
Figure 2.3: Deforestation in Mato Grosso from 2001 to 2010 ....................................................................................... 43 
Figure 2.4: Trends in soy expansion during the study period ....................................................................................... 44 
Figure 3.1: Map of the study area, with major rivers of the upper Xingu Basin ..................................................... 73 
Figure 3.2: River heat exchange processes ......................................................................................................................... 73 
Figure 3.3: Proportion of Xingu microbasins occupied by cattle ranching and soybeans from 2001 to 2010. . 74 
Figure 3.4: Impoundments in the upper Xingu Basin ..................................................................................................... 75 
Figure 3.5: Distribution of impoundments in each land-use history, normalized by area..................................... 76 
Figure 3.6: Relationship between land use and stream temperature .......................................................................... 76 
Figure 3.7: Monthly stream temperature in first order streams in soy and forest watersheds ............................ 77 
Figure 3.8: Relationship between mean daytime stream temperature and covariates related to land 
management .................................................................................................................................................................... 78 
Figure 3.9: Influence of impoundments on stream temperature .................................................................................. 79 
Figure 3.10: Predicted increases in headwater stream temperature under different management scenarios.. 80 
Figure 4.1: Overview of the Amazon Basin and its major sub-basins ..................................................................... 105 
Figure 4.2: Three hypothetical locations of protected areas within the hydrological landscape ...................... 106 
Figure 4.3: Modeled results for two development scenarios in the year 2050 for major subwatersheds of the 
Amazon Basin .............................................................................................................................................................. 106 
Figure 4.4: Agricultural development in the zone of influence outside the Xingu Indigenous Park, 
summarized by microbasin. ..................................................................................................................................... 107 
Figure 4.5: Relative frequency distribution of deforestation levels (%) in the 1166 microbasins comprising the 
zone of influence for the Xingu Indigenous Park ................................................................................................ 108 
Figure 4.6: Relationship between the area of Indigenous Lands and Protected Areas (ILPAs) and the 
Hydrologic Connectivity Index (HCI) ................................................................................................................... 108 
Figure 4.7: The Amazon network of indigenous lands and protected areas, categorized according to the 
hydrologic connectivity index .................................................................................................................................. 109 
Figure 4.8: Predicted threat to ILPAs classified as high risk (HCI > 1) under BAU and GOV scenarios for 
2050 ................................................................................................................................................................................. 109 
Figure A.1: Potential vegetation in the state of Mato Grosso (MT).......................................................................... 127 
Figure A.2: Area planted in soy in Mato Grosso (bars) from MODIS-based estimates in this study and 
Brazilian government data ....................................................................................................................................... 127 
Figure A.3: Soybean area planted in Mato Grosso’s forested municipalities ........................................................ 128 
Figure A.4:  Postdeforestation land uses in Mato Grosso for large-scale (> 25 ha) deforestation .................... 128 
Figure A.5: Allocation of annual changes in soy production to yield, expansion into forest, and expansion into 
already-cleared land in the forested region of Mato Grosso. ........................................................................... 129 
Figure A.6: Relationship between market indicators and deforestation for agriculture in Mato Grosso ...... 130 
Figure A.7:  Soy area planted in Mato Grosso’s Cerrado and Amazon biomes. .................................................. 131 
Figure A.8: Cerrado clearings for cropland in Mato Grosso from 2003 to 2010 .................................................. 132 
Figure A.9: Annual deforestation in the Brazilian Legal Amazon from 1995 to 2010 ......................................... 132 
Figure A.10: Relative probability of conversion to cropland ..................................................................................... 133 
Figure A.11: Decision tree classifier based on the MODIS EVI ................................................................................ 134 
Figure A.12: Classification output for Mato Grosso in 2010 ...................................................................................... 134 
Figure B.1: Land use in Mato Grosso, Brazil in 2010 .................................................................................................. 138 
Figure B.2: Mean proportion of catchments outside protected areas in each land use ....................................... 138 






Table 3.1:  Landscape attributes of each sample stream. ............................................................................................... 72 
Table 3.2: Model comparison for daily stream temperature using AICC. ................................................................. 72 
Table 4.1: Vulnerability of indigenous lands and protected areas to hydrologic fragmentation ...................... 104 
Table A.1: Accuracy assessment of MODIS EVI classification ................................................................................. 126 




List of Abbreviations 
 
AIC, Akaike Information Criterion 
CONAB, National Food Supply Company of Brazil 
EVI, Enhanced Vegetation Index 
FUNAI, Brazilian National Indian Foundation  
FGV, Getúlio Vargas Foundation 
HCI, Hydrologic Connectivity Index 
IBGE, Brazilian Institute of Geography and Statistics 
ILPA, Indigenous Lands and Protected Areas 
INPE, Brazilian National Institute for Space Research 
LPDAAC, Land Processes Distributed Active Archive Center 
MODIS, Moderate Resolution Imaging Spectroradiometer 
MT, Mato Grosso 
NASA, National Aeronautics and Space Administration 
NDVI, Normalized Difference Vegetation Index 
PRODES, Program for the Estimation of Deforestation in the Brazilian Amazon 
REDD+, Reduced Emissions from Deforestation and Degradation in Developing Countries 
UNFCCC, United Nations Framework Convention on Climate Change 








This work would not have been possible without the many colleagues, friends, and family 
members who have supported me at every stage of my graduate career. I am particularly grateful 
to my advisor, Ruth DeFries, for helping me to wrangle a multitude of research interests into a 
coherent body of work and, eventually, a dissertation. She instilled in me a deep appreciation for 
the simple power of integrating field-based studies with remote sensing and always encouraged 
me to see the big picture behind every pixel. Many thanks to the extended DeFries lab group, 
both at Columbia and at the University of Maryland, for their camaraderie and for creating a 
lively and supportive research environment.  
Thanks also to my committee members: Maria Uriarte, for opening my eyes to new tools 
for statistical analysis and for her patience in my first awkward attempts to implement them; 
Chris Small, for his advice and encouragement as I navigated many unexpected challenges with 
my remote sensing analyses; Michael Coe, for his support in the field and for teaching me to see 
the world from a hydrological point of view; and Eleanor Sterling, for her guidance and support 
from the moment I arrived at Columbia and for a few kind words that made all the difference. In 
the Department of Ecology, Evolution, and Environmental Biology (E3B), Lourdes Gautier, 
Maria Estrada-West, and Sara Lizzo have been wonderfully helpful and patient in assisting me 
with every administrative aspect of the dissertation. Finally, thanks to my colleagues at the 
University of Maryland, particularly In-Young Yeo, Martha Geores, James Dietz, and Ralph 
Dubayah, for their guidance during the early development of this dissertation.  
I benefitted enormously from my collaborations with the Instituto de Pesquisa Ambiental 
da Amazônia (IPAM), Aliança da Terra, the Woods Hole Research Center, and the Marine 




particular, I thank Daniel Nepstad and Eric Davidson for inspiring a multitude of research ideas 
in just a few short conversations; Christopher Neill for practical advice on collecting and 
analyzing water samples and for generously sharing his research vehicle at a critical moment in 
my fieldwork; Wendy Kingerlee for her unfailing good humor and assistance with field logistics; 
Wayne Walker for invaluable help with the impoundment mapping; Claudia Stickler for her 
thoughtful advice and collaboration on many aspects of the dissertation; and Paul Lefebvre 
(a.k.a. MacGyver) for his creativity and good humor in helping me solve many a puzzle in the 
field. This research would have been virtually impossible and far less enjoyable were it not for 
the incredible cadre of researchers and field technicians at IPAM – Canarãna. In particular, I 
thank Wanderley Rocha, Oswaldo Carvalho, Darlisson Nunes, Sebastião Nascimento, Divino 
Silverio, Paulo Brando, Adilson Coelho, Sandro Pereira, Raimundo Quintino, Maria Nascimento, 
Ebis Nascimento, and Osvaldo Portela for their hard work and friendship over several years in 
the field.  
This dissertation was generously funded by the National Aeronautics and Space 
Administration (NNX08AX08H) through an Earth and Space Science Fellowship. Additional 
support for fieldwork came from the Gordon and Betty Moore Foundation (GBMF), the National 
Science Foundation, the Packard Foundation, and the Blue Moon Fund. Thanks also to the 
Grupo A. Maggi, Grupo Roncador, Fazendas Gabriela S/A, and José Marcolini for permission to 
conduct research on their private properties and for providing logistical support as needed.  
 I am eternally grateful to my family and friends for their tireless support and patience 
over the last several years. My mother, father, and brother have always inspired me to take on 
new challenges and been unwavering in their love and support of whatever path I chose. My 




especially Adrian Forsyth, Enrique Ortiz, Karen Douthwaite, and Jennifer Cruz. Lúcia and 
Humberto Peixoto were great company and wonderful hosts during my many pit stops in Goiânia 
on my way to the field. Over the years, Meha Jain, Nicole Mihnovets, Vivian Valencia, Matt 
Fagan, Jan Dempewolf, Doug Morton, Karl Wurster, Gillian Galford, Matthew Steil, Shelby 
Riskin, Amen Sergew, Adam Mitchell, Holly Tayor, Adam Winkel, Miriam Marlier, Su-Jen 
Roberts, James Kealey, Megan Cattau, Meghna Agarwala, Annette Meredith, Cory Brown, Janet 
Nackoney, Sage Sheldon, Jennifer Balch, Pieter Beck, Georgina Cullman, Karen Schleeweis, 
Sarah Sumner, Ane Alencar, Yili Lim, Bob Muscarella, Liz Nichols, Marina Cortes, James 
Fuller, Michelle Naggar, Victor Gutiérrez, Allison Hayes-Conroy, Jennifer Reed, Joy Ferrante, 
Steve Cheng, and all the ladies of Batala provided much-needed inspiration and encouragement 
during the course of my research – and equally needed distractions to get me through it. Finally, 
my immeasurable thanks to Paulo Brando for his companionship and advice throughout this 







To my parents, Nelson and Lidia, for their love and support in all that I do, and to 








 As I write this dissertation, the world population has just exceeded 7 billion people and is 
projected to climb to over 9 billion before the end of the century (UN, 2010). Growing enough 
food to feed all of these new mouths, while conserving tropical forests and the ecological 
services they provide, will be one of the great challenges of this generation. As demand for food, 
fiber, and fuel grows to unprecedented levels, global markets have become increasingly 
connected to tropical forest regions, which house the largest remaining supply of new land for 
agriculture. Converting tropical forests for agricultural production is not without consequence. 
These ecosystems not only support the highest levels of terrestrial and aquatic biodiversity on 
earth, but also provide important services in the form of carbon storage and sequestration 
(Ometto et al., 2011); regulation of stream flow and regional precipitation (Werth &  Avissar, 
2002); and the provision of clean water and food for local populations. This dissertation 
examines some of these tradeoffs in the Amazon’s agricultural frontier, focusing on the linkages 
among deforestation, land management, and the conservation of freshwater ecosystems.   
 Agricultural expansion and intensification can degrade tropical stream ecosystems 
through a variety of mechanisms. Large-scale conversion of forests to croplands and pasture 
grasses alters the regional energy balance by reducing evapotranspiration and increasing surface 
albedo (Loarie et al., 2011a). This anthropogenic forcing results in a net increase in land surface 
temperature (Loarie et al., 2011b, Sampaio et al., 2007) and fundamental changes to the 




deforestation has been shown to increase stream discharge (Coe et al., 2009, Coe et al., 2011, 
Hayhoe et al., 2011) and decrease rainfall (Werth &  Avissar, 2002) at local and regional scales, 
although the magnitude and direction of response depend on the level of deforestation and scale 
of analysis (Da Silva et al., 2008). In addition to regulating water quantity, watershed forest 
cover plays an important role in maintaining water quality by regulating the amount of light, 
nutrients, and sediments reaching streams from upland areas. Reductions in water quality due to 
watershed forest loss may be exacerbated by the activities that accompany subsequent 
agricultural land uses, including the installation of dams and farm impoundments, degradation of 
riparian areas, water diversion or withdrawal, and addition of chemical fertilizers and pesticides 
(Pringle, 2001).  
 While land cover change is known to alter stream hydrology, geomorphology, and the 
ecological integrity of streams in temperate regions (Snyder et al., 2005, Townsend et al., 1997), 
comparatively little research has been done on similar questions in tropical watersheds,  where 
understanding the controls on fish abundance and diversity may be important for local 
livelihoods (Wright & Flecker, 2004). Tropical streams are a vital source of protein and clean 
water for local populations, not to mention the primary transportation network across much of 
the Amazon region. Even in areas that are otherwise sparsely populated, human populations live 
disproportionately near waterways (Sala et al., 2000). As the number of tropical protected areas 
has increased, so have the number of people living in and around these areas whose livelihoods 
depend on the freshwater resources they provide. By altering the physical parameters that define 
stream habitats, agricultural land uses may negatively impact the quality and distribution of fish 




 There is a growing recognition of the urgent need for landscape management to mitigate 
the potential ecological and social impacts of agricultural expansion and intensification. Today, 
over 45% of the Brazilian Amazon is already under some form of protection (Soares et al., 
2010), including strict protected areas, sustainable use areas, and indigenous lands. As demand 
for agricultural land grows, additional “set asides” for conservation will become increasingly 
difficult
1
, and the success of existing areas will depend on sound management of the unprotected 
landscapes that surround them. This is particularly true in the case of freshwater ecosystems, 
given that the hydrological cycle transcends political boundaries and the flow of water in stream 
networks may directly link protected areas and their surrounding landscapes. Brazilian 
legislation provides a framework for this type of landscape management by designating 
watersheds as the basic unit of land use planning and creating a Forest Code that requires the 
conservation of forests and riparian buffers on private lands. While the regulation of public 
interests on private lands is a laudable step towards integrated land use management, creating the 
capacity and political will necessary for its implementation on the ground has proven extremely 
challenging. 
  
The land-water interface 
Land management plays an important role in mediating the influence of crop and cattle 
production on stream ecosystems. Mitigation strategies include: no tillage to prevent soil erosion; 
conservation of riparian forests to buffer streams against agricultural pollutants and sediments; 
fencing cattle out of streams (and providing artificial water sources) to prevent soil compaction 
and degradation of riparian areas; and management of watershed forest cover, particularly on 
                                                        
1




slopes, to control erosion and the cumulative impacts of agriculture in the landscape. The 
installation of infrastructure, such as roads, dams, and farm impoundments may also have 
important consequences for stream connectivity at the landscape scale. Following is a discussion 
of several management strategies relevant to this study. 
 
Riparian buffers 
The role of riparian vegetation in mitigating the negative impacts of agriculture on stream 
health is well documented (Barker et al., 2006). Maintaining permanently vegetated corridors 
between pollutant sources and water bodies can effectively buffer against the degrading effects 
of sedimentation and non-point source pollution (Naiman &  Decamps, 1997); regulate the 
amount of nitrogen and other nutrients reaching streams from upland areas (Karr &  Schlosser, 
1978); and prevent the erosion of stream banks (Narumalani et al., 1997). Establishing riparian 
buffers in degraded areas has been shown to improve stream bank cover; decrease sedimentation, 
manure, and nutrients; and improve water clarity – physical attributes that are directly correlated 
to improvements in the biological integrity of fish assemblages (Teels et al., 2006).  
 
Watershed forest cover 
Studies in deforested catchments with intensive agricultural systems suggest that land use 
alterations at the catchment scale can overwhelm the capacity of riparian buffers to support 
healthy stream habitats and associated biotic communities (Roth et al., 1996). Both field-based 
studies and modeling indicate that the proportion of forest cover in a watershed is often related to 
the amount of pollutants observed downstream from agricultural areas (Basnyat et al., 2000, 




correlated with the amount of upstream agriculture and positively correlated with the amount of 
upstream forest cover. This relationship may exhibit a non-linear threshold response, whereby 
declines in fish fauna occur abruptly after a large proportion (e.g., >50%) of the catchment is 
converted to agricultural land uses (Wang et al., 1997).  
 
Impoundments 
In the Xingu Basin, the installation of small farm impoundments is widespread, but their 
extent and distribution in the landscape has only recently been quantified (Chapter 3). These 
impoundments act as physical barriers, altering the flow of water, sediments, and organisms 
within headwater streams. Although the vast majority of the literature on dams focuses on large 
hydroelectric dams, several studies indicate that small dams can have a large cumulative impact 
on stream ecosystems. Small dams alter physical habitat by increasing water temperature 
(Cumming, 2004); changing current velocity, water volume, and depth above and below 
impoundments (Alexandre &  Almeida, 2010, Lehner et al., 2011); and trapping fine sediments 
as a result of the slackwater created behind reservoirs (Walter &  Merritts, 2008). When coupled 
with agricultural land uses, which often increase the supply of sediments and pollutants to 
streams, small impoundments have the potential to fundamentally alter the geomorphology and 
quality of habitats within stream networks. Hence, they may facilitate the establishment of 
invasive species (Johnson et al., 2008) and have a strong negative impact on stream biota, 
particularly fish (Alexandre &  Almeida, 2010, Cumming, 2004, Wang et al., 2011) and 







The configuration of land uses in a watershed and the management practices associated 
with each land cover type can have a profound effect on the hydrological connectivity
2
 of a 
stream network. Even in areas where stream reaches remain physically connected, fluvial species 
may experience a functional decrease in connectivity. For example, riparian forests exert strong 
controls on the microclimate of streams, affecting the amount and type of solar radiation 
reaching streams, as well as inputs of organic matter, sediments, and other pollutants from the 
surrounding landscape (Naiman &  Decamps, 1997, Naiman &  Latterell, 2005). In agricultural 
landscapes, riparian forests provide not only lateral connectivity at the land-water interface, but 
also longitudinal connectivity for aquatic species. Spatial characteristics, such as length, width, 
and continuity of riparian buffers can have a strong influence on their effectiveness in conserving 
stream habitat (Gergel et al., 2002), with well documented implications for fish abundance and 
diversity (Jones et al., 2006, Lorion &  Kennedy, 2009, Wright &  Flecker, 2004). Similarly, the 
impoundment of a section of stream creates a lentic (still water) environment in place of a lotic 
(running water) environment. Even though small dams are often traversable barriers to dispersal 
and migration (March et al., 2003), heavily impounded stream reaches may be functionally 
fragmented if they require fluvial species to repeatedly move through suboptimal habitat 
conditions (Schlosser et al., 2000). 
Effective management of stream ecosystems requires systematic planning and a 
monitoring system that can link spatial patterns and ecological processes. The fields of spatial 
and landscape ecology have greatly improved our understanding of how spatial patterns across 
landscapes can influence ecosystems locally (Leitão et al., 2006, Turner et al., 2001, Wiens, 
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2002), but these principles have only recently been applied to stream ecosystems (Allan, 2004, 
Gergel et al., 2002, Grant et al., 2007), particularly in the tropics (Uriarte et al., 2011). This 
dissertation combines remote sensing and field-based inventories to further our understanding of 
the linkages between land use and stream ecosystem health in the Amazon’s agricultural frontier. 
Specifically, I employ GIS and remote sensing tools to examine land use transitions through time 
(Chapter 2), as well as the distribution of land use, riparian forests, and impoundments in space 
(Chapter 3). Armed with this landscape-scale perspective, I am able to assess the consequences 
for stream ecosystems at multiple scales and identify opportunities for improved management 
(Chapter 3). At the Amazon scale, I assess the vulnerability of Amazon indigenous lands and 
protected areas to land use changes within their watershed (Chapter 4), based on current and 
predicted deforestation in the surrounding landscape. Finally, I summarize the results of the 
dissertation at catchment, landscape, and regional scales and introduce some of the relevant 
policies and institutions at each scale (Chapter 5).  
 
Research objectives  
My research aims to understand how land use and land management influence tropical 
streams, while producing information that is of practical relevance for the management of 
freshwater resources in agricultural landscapes. This dissertation lays the groundwork for 
addressing this goal by accomplishing the following objectives:  
(1) Examines the dynamics of deforestation and subsequent land use transitions in an 
ecologically and economically important frontier landscape. 
 
(2) Determines how land use history influences the spatial distribution of riparian 
forests and impoundments.  
 
(3) Quantifies the consequences of land use and land use history for stream 





(4) Assesses the potential implications of current and modeled future land uses for the 
management of freshwater resources within Amazon indigenous lands and 
protected areas.  
The remainder of this introduction provides an overview of the study system, describes the 
rationale and significance of the study, and outlines how the dissertation is structured to address 
these four objectives. 
 
Study system  
This dissertation focuses on the headwaters of the Xingu River Basin in the Brazilian 
state of Mato Grosso (MT). Located in the southern Amazon’s agricultural frontier, the upper 
Xingu occurs along the ecotone between cerrado woodlands and dense tropical forests. The 
Xingu Indigenous Park (PIX) lies at the center of this region, protecting 2.6 million hectares of 
forest and a long stretch of the Xingu River. The PIX was created for the protection of several 
indigenous groups living within its borders, as well as the forests and freshwater resources they 
depend on. Despite its large size, it is susceptible to influences from outside land uses because 
nearly all of the headwater streams lie outside of its boundaries. The establishment of intensive 
agriculture in these headwater areas, which led to illegal deforestation of riparian forests, has 
reportedly increased turbidity and altered water quality to the point that the residents of the 
reserve have recounted noticeable impacts on fisheries (ISA, 2003). 
  
Socio-political context 
 The Xingu Basin lies just to the east of highway BR-163, which is in the process of being 
paved from the southern border of Pará north to the port city of Santarém. Government plans to 




argued that this infrastructure would bring jobs and opportunities for development in an 
otherwise depressed region. Indeed, the highway will greatly reduce the cost of getting 
agricultural goods produced in Mato Grosso and Pará to markets outside the Amazon via the 
international port of Santarém (Fearnside, 2006a, Soares et al., 2006). Others have argued that 
paving the road without adequate land use planning and strong governance would result in 
unprecedented deforestation (Soares et al., 2004) and create a conduit for unregulated occupation 
of the central Amazon.  
The promise of a new road and development along the highway brought massive 
immigration into the region. In Mato Grosso, this immigration took the form of planned cities, 
funded and occupied by gauchos from the south of Brazil, who were seeking new frontiers for 
agricultural expansion. In Pará the occupation was characterized by land speculation, illegal land 
occupation, land title conflicts, and violence
3
 (Fearnside, 2007). Concern over the disordered 
occupation of the region brought together a diverse set of governmental and non-governmental 
stakeholders to develop an economic and ecological zoning plan that aimed to mitigate the 
potential deforestation impacts of the road. For all of its problems, the process eventually led to 
the creation of a 7 million hectare mosaic of new protected areas to the east of the highway in 
Pará, which have had a measurable effect in containing deforestation in the region (Soares et al., 
2010). 
 More recently, the socio-environmental debate in Brazil has shifted to focus on two 
particularly controversial policy initiatives, both of which have important implications for the 
Xingu Basin. First is a proposal by Senator Aldo Rebelo (PCdoB - Communist Party of Brazil) 
to modify the Brazilian Forest Code, which has recently been the subject of hot debate in the 
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Brazilian Congress and in the national media. The proposal would reduce the amount of forest 
conservation required on private lands, reduce the riparian buffer width requirements, and 
provide amnesty for landowners who were not in compliance with the code prior to a certain date 
(Chapter 5, IPAM, 2011). Second is recent approval of the Belo Monte dam, which is slated for 
construction on the Xingu River near the city of Alta Mira in Pará. Belo Monte will be the third 
largest hydroelectric dam in the world and will cost over US$16 billion to build. The mega-
project will affect an area of 1,500 km
2
 and flood an area of 650 km
2
, displacing between 20,000 
and 40,000 people, including several indigenous groups, in the process (International Rivers, 
2010). Approval of the Belo Monte resulted in an international outcry opposing it, including high 
profile campaigns by national and international celebrities. Opponents of the dam argue that, 
without additional dams upstream, Belo Monte will only operate at a third of its capacity and that 
the social and environmental costs of the project far outweigh its energy benefits (Fearnside, 
2006b, Hurwitz et al., 2011). 
 
Land cover and land use change 
 The globalization of the Amazon soy and beef industries – coupled with gains in 
productivity from locally adapted plant varieties and the promise of decreased transportation 
costs – was a strong driver of deforestation in the upper Xingu Basin over the last decade 
(Bowman et al., 2012, Nepstad et al., 2006). Agribusiness now accounts for roughly a quarter of 
Brazil’s gross domestic product (FAS, 2009) and the state of Mato Grosso is the country’s 
leading producer of soy and beef. Deforestation in Mato Grosso totaled some 63,000 km
2
 from 
2000-2010, accounting for 35% of the deforestation in the Brazilian Amazon during the same 




Amazon deforestation, although expansion of intensive, mechanized soy production became an 
important new driver of deforestation in Mato Grosso in the early 2000s. At its peak in 2003, 
soybean expansion was responsible for between 18 and 23% of annual deforestation in the state 
(Macedo et al., 2012, Morton et al., 2006). The latter half of the 2000s saw a marked decrease in 
deforestation (Nepstad et al., 2009) and a shift from soy expansion into forested lands to 
expansion into already cleared (pasture) lands (Chapter 2). 
 This landscape-scale conversion of native vegetation to mechanized soybeans and pasture 
grasses may have immediate impacts on aquatic ecosystems by changing hydrology, sediment 
delivery rates, and a number of other physical variables. However, it is the long-term 
management practices associated with these new land uses that will ultimately determine the 
overall health of freshwater systems in the region. Although land use practices vary across the 
landscape, there are several emergent trends. The summary below is based on personal 
observations during the course of fieldwork from 2007-2010: 
(1) Land is generally cleared using a combination of fire and heavy machinery to remove 
woody vegetation and level the land. In the case of mechanized soy production, fields are 
usually completely cleared of biomass in the first year and a transitional crop (usually 
rice) may be planted in the year of conversion. Large-scale cattle ranching operations 
may remove woody biomass (i.e., stumps, roots) using fire over the course of several 
years, since livestock can graze in the interim period.  
(2)  Because soils are nutrient poor, chemical fertilizers are usually applied prior to crop 




fields under soy cultivation
4
 each year. Significant amounts of lime are also applied every 
few years to reduce the acidity of the soil. The majority of cattle ranches do not invest in 
such soil improvements because the costs are prohibitive. As a result cattle pastures in the 
region are generally extensive and of low productivity.  
(3) The majority of agricultural land is held in large farms and ranches, with individual 
landholders often controlling several thousand hectares. In cropland areas, pesticides, 
herbicides, and chemical desiccants are sprayed using a combination of crop dusting 
airplanes and specialized tractors. This generally requires several applications during the 
course of a growing season. Such chemical inputs are generally absent in pasture areas. 
(4) The system of crop cultivation is capital intensive, highly mechanized, and primarily 
rain-fed. The result is a landscape characterized by large tracts of monoculture croplands 
in the rainy season and great expanses of bare soil in the dry season, with the concomitant 
problems of wind-driven soil erosion. Although livestock operations maintain some 
pasture grass cover throughout the year, they are highly susceptible to escaped fires 
during the long dry season.  
(5) In addition to the primary crop (usually soybeans), producers are increasingly 
intensifying production by incorporating a second crop towards the end of the dry season 
(Galford et al., 2008), usually corn, sorghum, millet, or cotton.  
(6) Cattle production in the Amazon is generally extensive and of low productivity, with an 
average stocking density of 0.7 heads of cattle per hectare (Arima et al., 2005). The 
Brazilian Ministry of Agriculture’s Low Carbon Agriculture (ABC) program has 
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identified intensification of the cattle sector as a major priority because of its potential to 
reduce pressure on forests and prevent deforestation-related greenhouse gas emissions.  
(7) Soil conservation is increasingly a priority on well-managed farms and ranches. For 
example, the practice of no-till agriculture is gaining widespread adoption in the region, 
which has the potential to improve soil carbon storage and conservation (Galford et al., 
2011). Likewise, planting secondary crops and cover crops in the dry season has a 
positive impact in controlling soil erosion, which can lead to increased sedimentation in 
freshwater ecosystems. 
(8) In some areas riparian forest buffers have been completely removed or severely 
degraded, particularly where cattle are allowed direct access to streams. Although all 
riparian buffers are legally protected under the Brazilian Forest Code, the degree of 
compliance with this law is highly variable (Stickler, 2009).  
(9) Farm ponds or impoundments are commonly used in the upper Xingu Basin to provide 
water for cattle, generate hydroelectric power at the farm-scale, or as a result of new 
roads (and culverts) in the landscape. The installation of impoundments on private farms 
and ranches is unregulated and likely reduces connectivity in freshwater systems. 
 This dissertation employs a multiscale approach to examine the impacts of land use 
change (1), riparian buffer removal (8) and impoundment installation (9) on aquatic systems, as 
well as the influence of land management on water quality (4-7). The primary focus of the 
research is on changes in the quality and connectivity of aquatic habitats arising from the land 
management practices outlined above. The impact of other non-point source pollutants, including 





Investigating the causes of land use change in the Amazon’s agricultural frontier and its 
consequences for freshwater ecosystems can provide important insights for improved land 
management in this and other emerging agricultural frontiers. Scale emerges as a prominent 
theme in this dissertation, and one that has particular relevance to the management of freshwater 
resources. Freshwater systems have a built-in asymmetry among potential users, such that those 
upstream inherently have more power to degrade or conserve a resource than those downstream 
(Lebel et al., 2005), creating the potential for transboundary management issues (e.g., pollution, 
overfishing). Although human-environment systems are generally structured across temporal, 
spatial, and jurisdictional (or institutional) scales, research and management efforts often 
overlook this complexity, leading to dramatic failures in resource management (e.g., fisheries 
collapses; Cash et al., 2006, Ostrom, 1999).  
 Cash et al. (2006) highlight three common challenges associated with management of 
resources in complex systems: 1) failure to recognize important scale and level
5
 interactions; 2) 
mismatches between levels and scales in human-environment systems, and 3) failure to 
distinguish disparities in the way that different actors perceive and value resources at a given 
scale. The Xingu landscape provides a telling example of how these scale mismatches play out in 
the real world. Powerful agribusiness interests have the power to induce rapid, large-scale 
change in the landscape, but their collective actions and land management practices have 
downstream consequences for the freshwater resources used by indigenous groups, as well as 
global consequences in terms of greenhouse gas (GHG) emissions (Brondizio et al., 2009). In 
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this context, sustainable management of resources will likely require developing new governance 
structures that enable less powerful stakeholders (e.g., indigenous groups) to shift across scales 
and influence environmental outcomes (Lebel et al., 2005, Ostrom, 2010). The development of 
powerful alliances among indigenous groups and coordination with NGOs in the region provides 
one example of such a shift (Brondizio et al., 2009). Another example is the mobilization of local 
and regional institutions to improve monitoring and enforcement of national environmental 
regulations on private properties. One particularly promising initiative is the development of a 
voluntary land registry that educates rural landowners about best practices and is working 
towards creating financial incentives (and accountability) for implementing them on individual 
properties. By examining land-water interaction across several scales, this dissertation aims to 
provide science-based information that is relevant to these management initiatives and takes an 
important step towards bridging the scale mismatches described above.  
 
 Dissertation structure  
Substantial progress has been made in advancing the theory of freshwater conservation 
planning. However, our practical knowledge of how to manage the negative impacts of land 
conversion and intensification in tropical systems is still quite rudimentary. This is due in part to 
a lack of multiscale research into the phenomena that drive the connections between land cover 
change and instream ecosystem processes. Research ranges from large-scale modeling of 
hydrology and land use change to small watershed studies. What is generally lacking is research 
that looks across scales to better understand how cumulative alterations to hydrologic 
connectivity in the landscape influence ecological patterns locally. This dissertation begins to 




management at the scale of individual catchments, the Xingu Basin, and the Amazon Basin. 
Chapters 2 - 4 of this document serve as stand-alone research articles that contribute to this goal. 
Following is a brief overview of the questions addressed in each. 
 
Chapter 2 
In Chapter 2, I examine the tradeoffs between forest conservation and food production in the 
forested region of Mato Grosso. Specifically, I develop annual land use classifications, using the 
MODIS
6
 time series to examine the dynamics of deforestation from 2001–2010 and the land use 
transitions associated with declining deforestation after 2005. The chapter addresses the 
following questions:  
 What land-use transitions – cropland expansion into forest, expansion into already 
cleared lands, or changes in yields – occurred during the 2000s? How do trends vary 
between the first and second halves of the decade?  
 
 Was declining deforestation from 2006-2010 associated with fluctuations in commodity 
markets, policy interventions, or both? 
By quantifying the spatial and temporal dynamics of soybean and cattle expansion in the region 
and the degree to which they drive deforestation through time, this chapter lays the groundwork 
for the following chapters. 
 
Chapter 3  
 In Chapter 3, I examine the influence of watershed forest cover, riparian buffers, and 
impoundments on headwater stream temperature. Building on the data outputs from Chapter 2, I 
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use higher resolution satellite products (ASTER
7
 and Landsat 5 
8
) to map the distribution of 
impoundments and riparian forests in the landscape and combine these with 16 months’ worth of 
field measurements in 12 headwater catchments. The chapter addresses the following questions: 
 What is the spatial distribution of soybeans and cattle ranching within the Xingu Basin 
and how has this changed over the last decade? How is land use history associated with 
the distribution of farm impoundments in the landscape?  
 
 What is the relationship between land management (i.e., forest cover, riparian buffers, 
and impoundments) and stream temperature at the catchment scale?  
 
 How might current management strategies be modified to mitigate the impacts of 
agricultural expansion on headwater streams?  
By integrating field data with landscape information derived from multiple satellite sensors, I am 
able to assess the impact agricultural management on stream temperature at catchment and 
landscape scales and discuss potential mitigation strategies. 
 
Chapter 4  
 In Chapter 4, I use the case of the Xingu Indigenous Park to illustrate how stream 
fragmentation in agricultural landscapes can threaten freshwater resources within protected 
areas. I then examine the vulnerability of the Amazon network of indigenous lands and protected 
areas (ILPAs) to similar losses in fragmentation in the future. This chapter addresses the 
following questions: 
 To what extent has land use change in the headwaters of the Xingu Basin already altered 
hydrologic connectivity in the zone of influence of the PIX?  
 
 How many Amazon Basin ILPAs are vulnerable to similar hydrologic fragmentation in 
the future?  
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 Given limited resources, how can we prioritize management interventions based on the 
likely timing of development? 
 
By combining the data outputs from Chapters 2 and 3 with existing datasets on regional 
hydrology and projected future deforestation (Soares et al., 2006), I am able to assess threats to 
individual protected areas based on their location within the hydrological landscape and the 
likely timing of development. 
 
Chapter 5 
In Chapter 5, I summarize the main results of the dissertation at each scale of study and 
place them in the context of the major institutions and policies operating at each scale. Finally, I 
highlight some of the cross-scale challenges inherent in managing agricultural landscapes for the 
long-term sustainability of freshwater systems. 
 Freshwater ecosystems are at the forefront of the global biodiversity crisis, with more 
declining and extinct species than terrestrial or marine environments (Abell et al., 2008) 
(Johnson et al., 2008). Understanding the response of these systems to human-induced forcing 
requires a holistic approach that couples site-specific information with a broad understanding of 
land use patterns in the watershed. By combining landscape level indicators derived from remote 
sensing with field-based measures of disturbance, this dissertation helps to elucidate the 
relationship between land use and aquatic ecosystems and provide the scientific basis for 
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Chapter 2  




From 2006-2010 deforestation in the Amazon frontier state of Mato Grosso decreased to 
30% of its historical average (1996-2005) whereas agricultural production reached an all-time 
high. This study combines satellite data with government deforestation and production statistics 
to assess land-use transitions and potential market and policy drivers associated with these 
trends. In the forested region of the state, increased soy production from 2001-2005 was entirely 
due to cropland expansion into previously cleared pasture areas (74%) or forests (26%). From 
2006 to 2010, 78% of production increases were due to expansion (22% to yield increases), with 
91% on previously cleared land. Cropland expansion fell from 10 to 2% of deforestation between 
the two periods, with pasture expansion accounting for most remaining deforestation. Declining 
deforestation coincided with a collapse of commodity markets and implementation of policy 
measures to reduce deforestation. Soybean profitability has since increased to pre-2006 levels 
while deforestation continued to decline, suggesting that anti-deforestation measures may have 
influenced the agricultural sector. We found little evidence of direct leakage of soy expansion 
into cerrado in Mato Grosso during the late 2000s, although indirect land use changes and 
leakage to more distant regions are possible. This study provides evidence that reduced 
deforestation and increased agricultural production can occur simultaneously in tropical forest 
frontiers, provided that land is available and policies promote the efficient use of already-cleared 
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lands (intensification), while restricting deforestation. It remains uncertain whether government- 
and industry-led policies can contain deforestation if future market conditions favor another 
boom in agricultural expansion. 
 
Introduction  
Global markets for commodities such as oil palm and soybeans are increasingly replacing 
local demand as the primary driver of tropical forest conversion for agriculture (DeFries et al., 
2010, Gibbs et al., 2010, Rudel et al., 2009a). As global demand for food, fiber, and biofuels 
grows to unprecedented levels, the supply of available land continues to shrink (Lambin &  
Meyfroidt, 2011). Most of this land is concentrated in tropical forest regions, fueling debate 
about how to reconcile the need for agricultural production with forest conservation and 
maintenance of ecosystem services such as carbon storage, climate regulation, and biodiversity 
conservation. Many argue that intensification and the productive use of already cleared lands is a 
pathway to meeting these objectives (DeFries et al., 2004, DeFries et al., 2010, Matson &  
Vitousek, 2006, Nepstad et al., 2009, Tilman et al., 2002). Others conclude that intensification 
itself does not reduce pressure on forests and that, in the absence of effective conservation 
policies, increased yields can stimulate additional deforestation (Angelsen, 2010, Rudel et al., 
2009b) via direct agricultural encroachment or displacement of other land uses (Arima et al., 
2011, Lambin &  Meyfroidt, 2011). To date, empirical examples that test these assertions have 
been limited to national-scale analysis and scenarios (Lambin &  Meyfroidt, 2011, Rudel et al., 
2009a), with few concrete cases where increased production and forest conservation occurred 
simultaneously. Here we combine satellite data with government statistics on deforestation and 




agricultural expansion in the state of Mato Grosso (MT), Brazil. The resulting dataset enables a 
spatially-explicit analysis of trends in production and deforestation, whether and where 
intensification and reduced deforestation occurred simultaneously, and the accompanying market 
and policy context. 
The Amazon’s “arc of deforestation” has been the world’s most active deforestation 
frontier in recent decades. The frontier states of Mato Grosso, Rondônia, and Pará accounted for 





forest (INPE, 2011). The underlying forces driving agricultural expansion in the region shifted 
dramatically in the last two decades (DeFries &  Rosenzweig, 2010, Nepstad et al., 2006). 
Deforestation in the 1970s and 1980s was driven by a combination of government subsidies for 
Amazon development, investments in road infrastructure, unclear land tenure, and policies that 
promoted land speculation by rewarding deforesters with formal land titles (Fearnside, 2005). 
The last decade saw the removal of many policies that stimulated deforestation and an increasing 
influence of global markets on the Amazon economy (Cattaneo, 2008, Nepstad et al., 2009).  
From 2006 to 2010 deforestation in the Amazon declined dramatically, particularly in 
Mato Grosso. The state is situated in the agricultural frontier and occupies 900,000 km
2
, divided 
between tropical forest (Amazon) and savanna/grassland (Cerrado) ecosystems (Fig. A.1). Mato 
Grosso is Brazil’s leader in soy and beef production, responsible for 31% of the nation’s soy 
production and over 13% of its cattle herd in 2009 (IBGE, 2009). From 2000 to 2005 it also led 
in deforestation, accounting for 40% of deforestation in the Brazilian Amazon. In the ensuing 
years, deforestation in Mato Grosso declined substantially, reaching an estimated 850 km
2
 by 
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implementation of several high-profile policy initiatives aimed at restricting credit for 
deforesters, improving monitoring and enforcement, and excluding deforesters from the supply 
chains of major exporters.  
Although expansion of cattle ranching continues to be the primary proximate driver of 
deforestation, the expansion of mechanized agriculture (croplands) altered deforestation 
dynamics, both directly by increasing conversion of forests for soy cultivation (Morton et al., 
2006) and indirectly by replacing existing cattle pastures, some of which moved into other 
forested regions (Nepstad et al., 2006). The replacement of extensive land uses (e.g., cattle 
pastures) with intensive production (e.g., soybeans) is often referred to as “intensification”, 
whereas the replacement of natural vegetation (e.g., forest or cerrado) with extensive land uses is 
termed “extensification”. This terminology is complicated by the case of direct conversion of 
natural vegetation for intensive agriculture, which incorporates some elements of both. In lieu of 
this terminology we distinguish among cropland expansion into already-cleared lands, cropland 
expansion into forests, and pasture expansion into forests. 
As deforestation in Mato Grosso decreased after 2005, soy production in the state 
continued its upward trend (Fig. 2.1), following a dip in 2006 and 2007 when commodity prices 
dropped precipitously. This decoupling of soy production from deforestation is a departure from 
trends during the first half of the decade, when deforestation tracked changes in soy and cattle 
production (Galford et al., 2010). Whereas the first half of the decade contradicts the hypothesis 
that intensification inevitably leads to land sparing, the latter half suggests that in certain 
contexts it can. This study combines satellite and field data with Brazilian government data on 




Grosso from 2001 to 2010
10
. We analyze Moderate Resolution Imaging Spectroradiometer 
(MODIS) data to develop spatially and temporally explicit estimates of transitions from forest to 
pasture or cropland and from already-cleared land (primarily pasture) to cropland. This analysis 
extends our previous time series of land-use transitions (Morton et al., 2006) and allows us to 
examine the changing dynamics associated with substantial declines in deforestation in the latter 
half of the decade. We focus on two central questions: 1) What land-use transitions – cropland 
expansion into forest, expansion into already cleared lands, or changes in yields – occurred 
during the 2000s? How do trends vary between the first and second halves of the decade? 2) Was 
declining deforestation from 2006 to 2010 associated with fluctuations in commodity markets, 
policy interventions, or both?  
 
Results and Discussion 
Trends in soy production 
Land-use transitions differed dramatically between the periods 2001-2005 and 2006-2010 
(Fig. 2.2). The first period corresponded to a boom in cropland (primarily soy) expansion, with 
the area planted in soy doubling from 3 to 6 million ha (Fig. A.2) and production increasing by 
85% (Fig. 2.1), or 8 million tons (IBGE, 2011b). A third of that increase in area (~1 million ha) 
and production (~3 million tons) occurred in the Amazon forest biome, where planted area more 
than tripled during the same period (Fig. A.3; IBGE, 2011b). Rising demand for soy was 
primarily related to export markets for animal fodder in Europe and Asia (Nepstad et al., 2006, 
Nepstad et al., 2008). While the majority of soy expansion replaced cattle pastures, an average of 
12% of the area in large clearings (> 25 ha) each year was directly converted from forest to 
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cropland (Fig. 2.3). Our results support those previously reported for 2001-2005 (Morton et al., 
2006), with a clear peak in deforestation for soy (18.5%) in 2003.  
The second half of the decade paints a very different picture. Soy planted area in Mato 
Grosso contracted by nearly 1 million ha, as commodity prices crashed in 2006 and 2007. The 
area planted in soy increased each year since, but by 2010 still had not recovered to the highest 
levels recorded in 2005 (Fig. A.2). After its peak in 2003, our analysis indicates that the 
percentage of large-scale (>25 ha) deforestation due to soy expansion decreased steadily, 
reaching 1% in 2009 (Fig. 2.3). The number of large clearings decreased markedly during the 
second half of the study period, representing an average of 85% of the deforested area from 2001 
to 2005 and 65% from 2006 to 2009 (Fig. A.4). This is consistent with previous work showing 
that deforestation during this latter period occurred primarily at the edge of existing fields or 
pastures (Rudorff et al., 2011), rather than through new large-scale expansion into forests. 
Despite overall reductions in deforestation and a temporary contraction in area planted, the 
forested region of MT saw a net increase in annual production of 750,000 tons between the 2005 
and 2009 harvests (Fig. 2.4), roughly 25% of the increase observed in the first half of the decade. 
Using our MODIS-derived soy distribution data and the state vegetation map (Fig. A.1), 
we spatially allocated annual data on municipal soy production and area planted (IBGE, 2011b) 
by biome. The resulting land-use transition maps allowed us to examine whether annual changes 
in production within Mato Grosso’s forested region were due to deforestation, expansion into 
already-cleared areas, or changes in yield (Fig. 2.4 and Fig. A.5). Short-term changes in yield 
may be influenced by several factors, including rainfall variability, emergence of crop diseases, 
changes in planting technology, and the time required to build up soil fertility (~ 2-3 y). As 




area planted accounting for steady increases in production. This pattern shifted noticeably in 
2006 and 2007, when area planted and overall production decreased. The next two years saw a 
recovery in production attributable to increases in yield (2008) and area planted (2009). During 
the latter half of the decade, cropland expansion in Mato Grosso’s forested region occurred 
largely in previously cleared lands (primarily pasture), which accounted for 91% (318,000 ha) of 
expansion from 2006 to 2010, in contrast to 74% (800,000 ha) during the boom period (Fig. 2.4). 
 
Trends in pasture expansion  
As soy became more profitable in the region the price of land increased, as did the 
opportunity cost of holding land for livestock production (Cattaneo, 2008). During the boom 
period in soy expansion (2001-2005), the incentive for cattle producers was to sell their land at a 
profit and clear more land elsewhere (Nepstad et al., 2006). This displacement effect is difficult 
to quantify, although it is clear that the two sectors are strongly interconnected (Nepstad et al., 
2008). Recent studies suggest that soy expansion and intensification in Mato Grosso during the 
early part of the decade displaced cattle ranching northward into neighboring states (Arima et al., 
2011, Barona et al., 2010). This phenomenon may have been partially mitigated by 
improvements in livestock technology introduced in the center-west to keep up with the 
profitability of soy in the region (Cattaneo, 2008). Improvements in pasture management and 
phyto-sanitary measures aimed at keeping the herd free of hoof and mouth disease may have 





 of additional deforestation (Cattaneo, 2008). 
Our MODIS-based analysis indicates that large-scale clearings of forest for pasture 




reductions in cattle expansion made the biggest contribution to deforestation reductions observed 
after 2005, suggesting that market signals and policy measures aimed at reducing illegal 
deforestation may have had a broad impact. The increasing costs of expansion were concurrent 
with a move towards intensification, as many of the state’s cattle producers replaced extensive 
grazing (< 1 head of cattle per ha) with confinement of animals in feedlots for part of the 
growing period – a practice that grew by 286% from 2005 to 2008 (ACRIMAT, 2010). Such 
intensification allows for local consumption of second-harvest crops (millet, sorghum, and corn) 
and potentially releases land for other agricultural uses.  
 
Market trends  
From 2001 to 2009 deforestation for soy was weakly correlated with the profitability per 
60 kg sack of soy (Fig. A.6a; R
2
=0.39, n=9), defined as the difference between the variable costs 
of production and the price received by producers in Mato Grosso (Fig. 2.3). The farm gate price 
of cattle showed virtually no correlation with deforestation for pasture (Fig. A.6b; R
2
=0.04, n=9) 
during the same period. These relationships become considerably stronger if we consider only 
the years prior to 2008, with soybean profitability and cattle prices explaining significantly more 
of the variation in cropland deforestation (Fig. A.6a; R
2
=0.64, n=7) and pasture deforestation 
(Fig. A.6b; R
2
=0.89, n=7), respectively. Although based on a limited number of observations, 
these trends suggest that high profitability was a strong incentive for soy and cattle expansion 
into forested areas during the boom period and that decreases in deforestation from 2003 to 2007 
were at least partially due to declines in profitability. This trend is supported by a recent 
econometric analysis for 783 municipalities, indicating that fluctuations in meat and soybean 




in the latter half of the decade was associated with a global crash in commodity markets and 
increases in the variable costs (CONAB, 2011) of soy production (e.g., seeds and fertilizers), 
which may have temporarily removed incentives for expansion. Despite the recovery of soy and 
cattle prices after 2007, deforestation did not increase as in the early part of the decade (Rudorff 
et al., 2011). Rather, expansion of soy during this period occurred almost exclusively on 
previously cleared (pasture) lands (Fig. 2.4). Expansion of cattle ranching also decreased during 
this period, presumably as a result of the market contraction and a move towards intensification 
in Mato Grosso (ACRIMAT, 2010).  
 
Policy initiatives 
Although profitability and macroeconomic trends almost certainly affect the short-term 
decision-making of producers, it is difficult to isolate their impact from that of government- and 
industry-led policies introduced during the same period. In response to increasing deforestation 
in the mid-1990s and the decentralization of environmental regulatory powers, Mato Grosso 
implemented an integrated system of environmental licensing and management, which 
introduced regular satellite-based monitoring of deforestation (Azevedo, 2009, Fearnside, 2003, 
Stickler, 2009). Despite implementation of this system, deforestation rates continued to climb. 
As they reached their peak in 2004, the federal government established a national plan to control 
deforestation in the Amazon, requiring states to develop and implement their own deforestation 
control programs (Abdala et al., 2008). In an attempt to curtail corruption related to licensing for 
logging and clearing, the federal government implemented real-time monitoring of deforestation 
and carried out raids, which led to the imprisonment of employees in several state and federal 




2009, Stickler, 2009). Finally, in 2008 the federal government created a “black list” of 
municipalities with high deforestation rates, imposing a series of sanctions on producers in those 
municipalities, including eliminating subsidies, restricting credit, halting all (legal) deforestation, 
and issuing fines for illegal clearing and burning (Nepstad et al., 2009, Stickler &  Almeida, 
2008). 
Two agroindustry-led initiatives to reduce deforestation accompanied the government-led 
enforcement initiatives described above. The first was a 2006 “soy moratorium” (ABIOVE, 
2010), which excluded all soy cultivated in areas deforested after that date from the supply 
chains of major exporters (Stickler &  Almeida, 2008). Prompted by pressure from international 
environmental organizations and demand from environmentally conscious consumers, it served 
as a model for a similar moratorium in the beef and leather industry, declared in 2009 by the four 
largest cattle producers and traders. These demand-driven disincentives to deforestation are 
relatively new forces in the region, complementing government enforcement measures and 
bolstering existing certification schemes to reward environmentally responsible production 
(Nepstad et al., 2006, Nepstad et al., 2008).  
The land-use transitions observed during the postboom period – and the case of 2009 in 
particular – suggest that when market conditions favored expansion, producers expanded into 
areas previously cleared for pasture rather than forest areas (Fig. 2.4 and Fig. A.5). These 
patterns are consistent with the outcomes expected by many of the recent policy interventions, 
providing some support for the hypothesis that they have helped to suppress deforestation. An 
alternate explanation is that, even in the absence of policy reforms, the market-induced 
contraction in soy area planted provided sufficient fallow cropland to absorb soy expansion in 




the cumulative area planted from 2006 to 2010 (i.e., no new cropland). In fact, our MODIS 
estimates indicate that there was a steady increase in cumulative area planted after 2005 (Fig. 
A.7a) while deforestation was suppressed, suggesting a shift (proportionally) from soy expansion 
into forest to soy expansion into previously cleared lands during this period (Fig. 2.2). 
Combining our satellite analyses with PRODES data on the year of clearing (INPE, 2011) 
provides further evidence that this shift was not simply due to a glut of land cleared during the 
boom period (Nepstad et al., 2009). Rather, about two-thirds of non-forest areas converted to soy 
during this period were cleared prior to 2000 (50% prior to 1997) and the remaining third was 
cleared from 2001 to 2005 (Fig. 2.4b). Because Mato Grosso had little mechanized crop 
production prior to 2000 (Fig. A.3; IBGE, 2011b), we assume that lands cleared prior to that date 
were originally cleared for pasture.   
 
Leakage 
One potential byproduct of reductions in deforestation and cropland expansion in the 
forested region of Mato Grosso is leakage into the state’s cerrado or into forested areas of 
neighboring states. Theoretically, such leakage can occur at multiple scales (Lambin &  
Meyfroidt, 2011) and could take the form of direct conversion of natural vegetation for cropland 
or indirect land-use changes associated with the displacement of cattle ranching (Arima et al., 
2011). To examine direct leakage within Mato Grosso, we used our satellite-derived data on 
cropland area and the state vegetation map (Fig. A.1) to assess whether decreased deforestation 
in the postboom period displaced soy expansion into the state’s cerrado region. Based on patterns 
of soy area planted in each biome, we saw no evidence of an overall increase in soy expansion 




throughout the study period (Fig. A.7). Moreover, an analysis of deforestation polygons in Mato 
Grosso’s cerrado (Ferreira et al., 2007) indicates that deforestation for cropland decreased from 
2003 to 2006 and remained relatively low for the remainder of the decade (Fig. A.8). These 
trends provide indirect evidence that reduced deforestation in the forest region did not provoke 
an immediate increase in clearing of cerrado for soy in the latter half of the decade.  
Previous studies have linked soybean expansion in Mato Grosso to the displacement of 
pastures into Pará (Barona et al., 2010), Rondônia, and Amazonas (Arima et al., 2011) based on 
municipality-level agricultural statistics. At the state level, annual deforestation rates in Pará and 
Rondônia (INPE, 2011) decreased considerably after 2005 (Fig. A.8) and do not suggest 
substantial leakage (direct and indirect) from Mato Grosso in the short term. However, small or 
isolated leakage effects may be masked by a number of other factors affecting deforestation at 
the state level, including changing markets, governance (Mandemaker et al., 2011), enforcement 
capacity, agrarian reform, and land speculation. Prevention of leakage in the cattle sector is of 
particular concern, given the Brazilian government’s commitment to decreasing deforestation 
and land-use related carbon emissions (Gouvello, 2010). The present study focuses on the 
soybean sector because it played a catalytic role in increasing deforestation during the first half 
of the decade, but this is only part of the equation. Controlling deforestation over the long term 
will likely hinge on what happens in the cattle sector, where there are greater opportunities for 
gains in efficiency through intensification (Gouvello, 2010). The information presented here 
does not preclude lagged effects, whereby recent land use dynamics result in future leakage, or 
eliminate the possibility that leakage may already be underway at finer scales or in more distant 




analysis of the political context, migration patterns, and socioeconomic motivation of producers 
in those regions. 
 
Conclusions 
The combination of MODIS-derived land-use information with government agricultural 
and deforestation statistics allowed a spatially explicit analysis of land-use transitions associated 
with declining deforestation and increasing production in Mato Grosso’s forested region from 
2006 to 2010. The analysis leads to three conclusions. First, after 2005 the increase in soy 
production was partially due to relatively high yields (e.g., 2008), but mainly to a proportional 
increase in soy expansion onto previously cleared land compared to the first half of the decade. 
The observed patterns provide evidence that it is possible to achieve the dual objectives of forest 
conservation and agricultural production (Angelsen, 2010, DeFries &  Rosenzweig, 2010, 
Matson &  Vitousek, 2006) in contexts where there is a sufficient supply of previously cleared 
land and incentives that encourage productive use of that land instead of expansion into forests. 
Although this outcome is positive for forests and food production, there are likely additional 
synergies and tradeoffs inherent in the expansion of intensive production, even if constrained to 
previously cleared lands. On one hand is the synergistic potential for improved farm-level 
management (e.g., no tillage, cover crops) to enhance crop productivity and soil carbon storage. 
On the other are potential trade-offs with biodiversity loss, altered hydrological function, and 
runoff of agrochemicals. Furthermore, the observed decreases in deforestation do not guarantee 
that remaining forests are pristine, considering recent evidence that forest degradation in the 




2010). This may diminish the benefits of reduced deforestation for climate and forest 
conservation.   
Second, deforestation for cropland in Mato Grosso remained low even when profitability 
favored soy expansion. In 2008, profitability peaked to levels comparable to those during the 
2000-2005 boom, yet deforestation for soy continued to decrease (Fig. 2.3). These decreases may 
be partially explained by increases in the variable cost of soy production, which decreased 
profitability relative to the first half of the decade. These trends were also concurrent with the 
implementation of policies aimed at restricting credit for deforesters, improving monitoring and 
enforcement, and excluding deforesters from the supply chains of major exporters. Observed 
patterns suggest that they have had some success. However, the implementation of the policies 
mentioned here occurred at a time when market conditions already favored a slowing in 
deforestation. Whether this coincidence was strategic or serendipitous, it likely helped in 
achieving deforestation reductions during the late 2000s. Quantifying the relative influences of 
concurrent market drivers and policy interventions requires more detailed analyses of landholder 
responses to different incentives. 
Finally, Mato Grosso’s reduction of deforestation after 2005 did not result in a net 
increase of soy expansion into the state’s cerrado. Deforestation in Pará and Rondônia also 
declined, suggesting that the patterns observed in Mato Grosso did not provoke a major net 
increase in clearing in adjacent Amazonian states during the study period. It is possible that the 
advancing wave of soy production into the Amazon has already exhausted suitable lands for 
agricultural production in Mato Grosso´s cerrado or that forested areas in neighboring states are 
less suitable for cropland, neither of which is captured by the data presented here. Over the last 




and cattle production may also have mitigated potential leakage into other regions (Cattaneo, 
2008). Although the large supply of low productivity pasture land presents an opportunity for 
gains in efficiency and mitigation of future leakage, this result is by no means guaranteed. There 
is already evidence of recent soy expansion into cerrado areas further east and northeast in the 
country, particularly in the states of Bahia, Maranhão, Piauí, and Tocantins (IBGE, 2011b), 
although it is unclear if these trends reflect leakage from the southern Amazon.   
The Brazilian government’s investments in monitoring and enforcement of deforestation 
have created powerful disincentives for expansion into forest lands (Silva, 2009), complemented 
by voluntary industry initiatives. While these efforts have had some success, our results suggest 
that preventing deforestation over the long-term will require parallel efforts to modernize the 
cattle sector and create strong new policy incentives that promote efficient use of degraded lands. 
Recent efforts to model Brazil’s low-carbon development alternatives indicate that the 
implementation of existing technologies to restore degraded lands and increase pasture 
productivity could free enough additional land to accommodate projected growth through 2030 
(Gouvello, 2010), although achieving this would be challenging and require substantial private 
and public investments.  
Mato Grosso has considerable remaining forest land that is suitable for agricultural 
production (Fig. A.10), and advances in infrastructure and technology will likely increase access 
to these and other Amazon forests (Nepstad et al., 2008). Reports of increased deforestation in 
Mato Grosso during the first semester of 2011 have already raised concerns that soaring 
commodity prices and proposed changes to Brazil’s Forest Code may soon reverse recent trends 
in deforestation. If Brazil is to build on its successes in reducing deforestation and continue the 




implementation of policies that conserve standing forests while directing agricultural expansion 
onto previously cleared lands. If successful, initiatives like the UNFCCC REDD+ program 
(UNFCCC, 2010) and national efforts to promote low carbon development could help sustain 
lower deforestation rates by providing mechanisms to compensate actors for avoiding 
deforestation and increasing productivity. Although our results pertain to the specific context of 
Mato Grosso in the last decade, the approach of tracking postclearing land uses can yield insights 
into the changing drivers of deforestation in other tropical forest regions. Demands for export-
oriented agricultural products will likely continue to exert pressure for expansion into forested 
regions (DeFries et al., 2010) at the same time that carbon markets and consumer demand call 
for decreased deforestation. National, state, and local governments will need to consider context-




Data on soy production and area planted came from the Brazilian Institute of Geography 
and Statistics (IBGE, 2011b), and annual deforestation data from Brazilian National Institute for 
Space Research (INPE, 2011). Data on the farm gate price of soy and cattle in Mato Grosso 
came from the Getúlio Vargas Foundation (FGV, 2011a, FGV, 2011b), and cost data from the 
National Food Supply Company of Brazil (CONAB, 2011). The IBGE provided historical data 
on the expanded consumer price index (IBGE, 2011a) and 2007 municipal boundaries 11 . 
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Collection 5 MODIS enhanced vegetation index (EVI) data for the study area came from the 
Land Processes Distributed Active Archive Center (LPDAAC)12. 
 
Remote sensing 
We used the MODIS EVI product (MOD13Q1) to perform annual land-use 
classifications based on differences in vegetation phenology, an approach that is conceptually 
similar to that of previous studies (Galford et al., 2008, Morton et al., 2006). Given changes in 
the MODIS data (collection 4-5) and variation in the details of our methodology, we processed 
the entire 10-y time series for this analysis. First, we eliminated cloud-contaminated pixels and 
replaced missing data values using a spline interpolation in the time (z) dimension. For each 
growing year we calculated SD, annual mean, dry season mean (July), wet season mean 
(December-February), and wet season maximum. Based on these metrics, we developed a 
decision tree classifier using 326 ground data points collected in 2006 (Stickler et al., 2009) to 
classify cropland, forest, and pasture/cerrado for each year (Fig. A.11). Finally, we filtered the 
classified time series using a 3-y filter to remove unlikely land-use transitions through time. This 
correction affected at least one observation in 13% of the pixels monitored (< 2% of all 
observations). 
The final land-use classification (Fig. A.12) was validated using 317 data points collected 
in 2010 and distinguishes the three classes of interest with an overall accuracy of 92% (Table 
A.1). Given the moderate resolution of MODIS data (250-m), we cannot reliably evaluate edge 
pixels or areas smaller than 25 ha (Morton et al., 2005), which accounted for an increasing 
proportion of deforestation during the study period (Rudorff et al., 2011). As a result, we may 
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underestimate deforestation for cropland, particularly towards the end of the time series. 
Nevertheless, most of the area in production occurs in clearings considerably larger than 25 ha 
(Morton et al., 2006), allowing us to characterize overall land-use trends.  
 
Postdeforestation land use 
To determine the postdeforestation land use, we combined INPE’s high resolution (30-m) 
deforestation data with our land-use classification, a method similar to that published by Morton 
and coauthors (Morton et al., 2006). First, we used the state vegetation map (Fig. A.1) to mask 
out areas that were not historically forest. For each deforestation year (September through 
August), we selected large deforestation polygons (> 25 ha) and classified each according to the 
majority land use within its boundaries in the subsequent 3 y. Polygons identified as cropland in 
any of the following 3 y were classified as deforestation for cropland. Polygons identified as 
pasture in the 3 y after clearing were classified as deforestation for pasture. Polygons identified 
as forest in all 3 postdeforestation y were classified as not in production and likely include 
damaged forests that were never fully cleared (e.g., logged or burned), edge effects from adjacent 
forest cover, and regrowth (Morton et al., 2006). We used the same approach for analysis of 
cerrado deforestation polygons (Ferreira et al., 2007). 
 
Planted area and production 
We combined IBGE municipal boundaries and the potential vegetation map (Fig. A.1) to 
allocate production and planted area data to the Cerrado and Amazon forest biomes. 
Municipalities with most of their area in one biome (> 80%) were automatically assigned to that 




majority biome, municipal area, and cumulative area planted during the study period to identify 
cases where assignment to the majority biome could result in misallocation of croplands. In these 
cases we used our annual land-use classification to determine the proportion of soy area located 
in each biome in a given year. This correction affected 10% of all municipalities and reduced 
errors that would have occurred had we assumed that mixed municipalities were in a single 
biome based on the majority vegetation type. Performing the same allocation using state level 
data did not change the results substantially (r = 0.98) and we have reported municipality level 
results here.   
 
Market trends  
Our calculation of soy profitability is based on the variable costs of production – those 
costs associated with planting, harvest, storage, and transport of a single soy crop. Our analysis 
excludes fixed costs (e.g., depreciation of machinery), which are less likely to influence short- 
term decisions (Angelsen, 2010). After using an expanded consumer price index (IBGE, 2011a) 
to adjust price and cost data to the July 2010 Real, we calculated the difference between soy 
price and production costs. The resulting index estimated the profit per 60-kg sack of soybeans in 
each growing year. In the absence of comparable data on the cost of cattle production, we used 
inflation-adjusted data on the farm gate cattle price (FGV, 2011a) to examine the relationship 
between markets and deforestation for cattle. To assess the influence of temporal autocorrelation 
on the statistical models, we compared parameter estimates from models with and without an 
autocorrelation error structure. Because including the autocorrelation structure did not change the 
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Figure 2.1: Deforestation in Mato Grosso (INPE, 2011), tons of soy produced (IBGE, 2011b), and 
number of heads of cattle produced (IBGE, 2009) from 2001-2010. Production was normalized to 2001. 
Production increases correspond to an area increase of 3 million ha for cropland (soy) and 10 million ha 






Figure 2.2: Postdeforestation land uses in a subset of the study region (inset) from 2001 to 2005 (a) and 
2006 to 2010 (b). Deforestation areas >25 ha were derived from the PRODES dataset (INPE, 2011), and 
land use from analysis of the MODIS EVI time series. The Brazilian Amazon forest biome is shaded in 






Figure 2.3: Deforestation in Mato Grosso from 2001 to 2010. Postdeforestation land uses for large (>25 
ha) clearings were derived from the PRODES dataset (INPE, 2011) and the MODIS EVI time series. 
Profitability was calculated from state-level data on price received for soy (FGV, 2011b) and cost of 
production (CONAB, 2011), in Brazilian Reais (BRL). Soy profitability was correlated with cropland 
deforestation until 2007 (R
2










Figure 2.4: Trends in soy expansion during the study period. (a) Attribution of net changes in soy 
production in the forested region of Mato Grosso to yield, expansion into forest, and expansion into 
previously cleared (primarily pasture) land. From 2001 to 2005, increases in production were due entirely 
to expansion into forest (26%) and pasture (74%). From 2005 to 2009, increases in yield accounted for 
22% of production increases and most (91%) cropland expansion occurred into pasture. (b) Of the pasture 
converted to soy from 2005 to 2009, about two-thirds represented old clearings deforested prior to 2000. 
These results were based on IBGE municipal agricultural data (IBGE, 2011b) and PRODES deforestation 
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Chapter 3  
In hot water: The influence of agricultural land management on headwater 
stream temperature in the southern Amazon 
 
Abstract 
Large-scale cattle and soybean production are the primary drivers of deforestation in the 
Amazon’s agricultural frontier. These land cover and land use changes (LCLUC) can degrade 
stream ecosystems by reducing hydrologic connectivity, changing the amount of light and 
nutrient inputs, and altering the quality and quantity of water flowing within streams. This study 
integrates field data and satellite-derived information in the Xingu Basin, a rapidly changing 
agricultural landscape in Mato Grosso, Brazil, to assess how recent (2001-2010) agricultural 
expansion has affected the temperature of headwaters streams. We document the extent of 
LCLUC at the landscape scale, quantify how these changes influence stream temperature in 12 
catchments, and evaluate how the presence of riparian buffers and impoundments influence 
stream temperature patterns. By 2010, over 40% of small catchments outside protected areas 
were dominated by agriculture (> 60% of area), with an estimated 10,000 impoundments (one 
per 7.6 km of stream) in the upper Xingu landscape. At the catchment scale, we monitored 
stream temperature in 12 soy, pasture, and forest watersheds and explored its relationship with 
land management (riparian forest buffers, watershed forest cover, impoundments) and 
environmental variables (precipitation, light, air temperature). Streams in pasture and soy 
watersheds were significantly warmer than those in forested watersheds, with average daily 
maxima more than 4
o
C (16.5%) higher in pasture and 3
o
C (12.1%) higher in soy. The density of 
impoundments upstream, percent forest in upstream riparian buffers (500-m upstream), and 




studies have demonstrated that such temperature increases can exert a negative influence on the 
distribution and abundance of aquatic organisms. Our results suggest that these impacts could be 
substantially mitigated through enforcement of existing legislation to protect riparian buffers and 
new regulations to limit the number of impoundments in emerging agricultural landscapes. 
 
Introduction 
The expansion of cattle ranching and soybeans has fundamentally changed the landscape 
of the southern Amazon by replacing native vegetation with pasture grasses and croplands. These 
land-cover and land-use changes (LCLUC) can have a number of consequences for freshwater 
ecosystems, including degrading riparian areas (Deegan et al., 2011), altering hydrological 
cycles (Bruijnzeel, 2004, Coe et al., 2011, Costa et al., 2003, Hayhoe et al., 2011), and 
decreasing hydrologic connectivity (Freeman et al., 2007, Pringle, 2003). Some of these impacts 
are inevitable tradeoffs associated with agricultural development in the tropics, while others 
could be substantially mitigated through improved land management. Numerous studies have 
demonstrated the impact of agriculture on streams and explored the important mitigating 
function of riparian buffers (Benstead et al., 2003, Gergel et al., 2002, Lorion &  Kennedy, 
2009b, Uriarte et al., 2011), although relatively few have been focused in the tropics. Most field 
studies in the Amazon have been limited to the scale of small watersheds (Neill et al., 2006) and 
fail to consider the cumulative, landscape-scale effects of agricultural expansion.  
This study integrates field-based data and satellite-derived information to explore the 
influence of recent agricultural expansion (2001-2010) on headwater streams in the Xingu Basin 
(Fig. 3.1), a rapidly changing agricultural landscape in Mato Grosso, Brazil. We focus on stream 




&  Scheller, 1996) and, in small streams, is directly influenced by management decisions at the 
farm level. Specifically, increased stream temperatures have been linked to deforestation 
(Caissie, 2006), failure to conserve riparian forest buffers (Lorion &  Kennedy, 2009b), and 
thermal pollution from farm impoundments, or small dams (Webb &  Nobilis, 2007).  
In small headwater streams, roughly 82% of heat exchange occurs at the air/water 
surface, with the remainder occurring at the streambed/water interface (Fig. 3.2; Evans et al., 
1998). Diel variations are generally small in forested headwater streams, where riparian 
vegetation provides shade and shelter that maintains relatively cool and steady temperatures 
throughout the day. These streams are particularly vulnerable to agricultural land-use changes, 
which often reduce streamside vegetation, exposing streams to increased solar radiation (Caissie, 
2006). The resulting temperature increases may be exacerbated by the fact that, compared to 
forests, pasture grasses and soybeans have a higher surface albedo (Loarie et al., 2011a), lower 
leaf area and shallower rooting depth, which leads to reduced evapotranspiration (Bruijnzeel, 
2004, Costa &  Foley, 1997) and increased surface temperatures (Costa et al., 2007). In Brazil’s 
agricultural frontier, these changes have been associated with increased stream discharge (Coe et 
al., 2009, Coe et al., 2011, Hayhoe et al., 2011) and air temperatures (Loarie et al., 2011b), 
which in turn may influence diel and annual water temperature cycles. 
Stream temperature patterns exert a strong influence on the evolution, distribution, and 
ecology of aquatic organisms in stream ecosystems (Ward, 1985, Ward &  Stanford, 1982). This 
is due, in large part, to the fact that most aquatic organisms are strict ectotherms, meaning they 
lack the anatomical and physiological means to regulate their body temperature relative to the 
environment. As a result, each species has evolved to occupy a specific thermal niche within 




2002). Even when not lethal, higher water temperatures can alter basic life history parameters, 
including incubation and development time (Gillooly et al., 2002, Gillooly et al., 2008), growth 
rates (Neuheimer et al., 2011), and the metabolism of organisms ranging from microbes to fish 
(Gillooly et al., 2001, Gillooly et al., 2002, Huston et al., 2003). These metabolic changes come 
with increased energetic requirements, which may or may not be met in degraded streams. In 
addition to direct impacts on species metabolism and survival, increased water temperature can 
have indirect effects by facilitating the spread of invasive species and disease (Roth et al., 2010), 
increasing the toxicity of environmental contaminants (Rehwoldt et al., 1972), and constraining 
the abundance and spatial distribution of species (Caissie, 2006, Vannote et al., 1980).  
Studies on the effects of stream warming on fish in temperate systems indicate that 
temperature thresholds are critical determinants of suitable fish habitat and that the influence of 
human activity on stream thermal regimes has had a strong negative influence on the quality and 
quantity of available habitat (Brett, 1956, Franco &  Budy, 2005, Malcolm et al., 2004, Myrick 
&  Cech, 2004, Theurer et al., 1985). Even modest increases in stream temperature can cause 
dramatic declines in salmonids, for example. Likewise, macroinvertebrate abundance has been 
projected to decline by 21% for every 1°C rise in water temperature (Durance &  Ormerod, 2007, 
Kaushal et al., 2010). These thresholds have not been well explored in tropical streams, but there 
is some evidence that they are governed by similar mechanisms. In Costa Rica, riparian forest 
removal and associated increases in stream temperature have been shown to alter the taxonomic 
composition of benthic macroinvertebrates, reduce diversity, and eliminate the most sensitive 
taxa (Lorion &  Kennedy, 2009a). Similarly, the removal of riparian buffers in pasture areas 
increased temperature, reduced allochthonous inputs, and altered fish community composition 




Xingu Basin suggests that the diversity of Odonata also decreases with increasing temperature 
(Batista, 2010).  
The effects of elevated temperature may be further exacerbated by increases in diel 
temperature variability, additional warming due to future climate change, and stream 
fragmentation by dams. Impoundments act as physical barriers that alter the flow of water, 
sediments, and organisms within headwater streams. Although the majority of the literature on 
dams focuses on large hydroelectric dams, several studies indicate that small dams can have a 
large cumulative impact on stream ecosystems. Small, surface-release dams alter physical habitat 
by increasing water temperature (Cumming, 2004); changing current velocity, water volume, and 
depth above and below reservoirs (Alexandre &  Almeida, 2010, Lehner et al., 2011); and 
trapping fine sediments as a result of the slackwater created behind reservoirs (Walter &  
Merritts, 2008). When coupled with agricultural land uses, which often increase the supply of 
sediments and pollutants to streams, small impoundments have the potential to fundamentally 
alter the geomorphology and quality of habitats within stream networks.  
 Despite the importance of temperature in structuring stream ecosystems and the 
increasing pace of anthropogenic changes in many tropical regions, few studies exist on the 
influence of LCLUC on the temperature regimes of tropical streams. The vast majority of 
information on stream temperatures is widely scattered in the literature, having been collected as 
routine background information during site-specific ecological studies. Rarely is temperature the 
focus of study and, as a result, temperature measurements are usually not collected at sufficient 
temporal or spatial resolution to provide insight into diel and annual patterns, nor how human 
activity may alter these patterns. Here we combine satellite-based observations of LCLUC and 




collected over 16 months in twelve headwater streams draining pasture, forest, and soybean 
watersheds. This integrated approach allows us to explore the influence of agricultural land 
management on stream thermal regimes, both at the catchment and landscape scales. The study 
addresses four central questions:  
 
(1) What is the spatial distribution of soybeans and cattle ranching within the Xingu Basin 
and how has this changed over the last decade?  
(2) How is land use history associated with the distribution of farm impoundments in the 
landscape?  
(3) What is the relationship between land management (i.e., forest cover, riparian buffers, 
and impoundments) and stream temperature at the catchment scale?  
(4) How might current management strategies be modified to mitigate the impacts of 
agricultural expansion on headwater streams? 
 
Methods 
Study area and general approach 
 The Xingu River drains the Brazilian Shield, an ancient upland region where erosion 
processes occurring over millennia have left little unconsolidated material to wash into streams 
(Goulding et al., 2003). For this reason, the Xingu is considered a clear water river system, 
characterized by relatively small amounts of suspended sediments where watershed forest cover 
is maintained. The headwaters of the Xingu (Fig. 3.1) occur on the Mato Grosso plateau (~ 600 
m above sea level), along the transition between the Cerrado and Amazon biomes. The plateau is 




Amazon River in the north. Upland areas in the southern part of the study region are dominated 
by cerrado vegetation, a mixed savannah and woodland ecosystem, with gallery forests occurring 
in the wetter areas along stream corridors. The remainder of the study area is dominated by 
tropical forests more typical of the Amazon biome. The rainfall gradient is consistent with this 
vegetation transition, with lower rainfall in the south and higher rainfall in the north. Average 
annual precipitation in the region ranges from 1500 to 2400 mm and is highly seasonal, with a 
pronounced dry season from May to August, a pronounced rainy season from November to 
February, and intermediate levels of rainfall in the interim months (Hijmans et al., 2005). Soils in 
the region are dominated by oxisols (ferralitic soils) and have good structure for cultivation.  
  We sampled twelve headwater streams within the forest biome to the east of the Xingu 
Indigenous Park (Fig. 3.1). The watershed for each sample location was predominantly in a 
single land cover type, with some variation in the following landscape variables: riparian forest 
cover, number of impoundments upstream, and percent forest cover in the watershed (Table 3.1). 
Of these, there were four reference streams, with watershed forest cover ranging from 95 to 
100%; three streams with watershed pasture grass cover ranging from 96 to 100%; three streams 
with watershed soybean cover ranging from 82 to 94%; and two additional streams with soybean 
cover ranging from 53 to 57%. To the extent possible, sites were selected to encompass the 
gradient of land management conditions (i.e., riparian forest cover, watershed forest cover, and 
impoundments). All soybean watersheds in this study were converted from pasture at some point 
in the last 10-15 years, a land use history that is typical of soybean areas in the region. Because 
sampling took place on private properties in remote areas, the selection of final sampling 




sampling location was linked to landscape variables (Table 3.1) derived from satellite analyses, 
allowing us to scale up the analysis from the catchment to the landscape scale. 
 
LCLUC analysis 
 We characterized LCLUC in the upper Xingu Basin by combining data from several 
satellite sensors with field-based inventories. Land use history (2001-2010) was derived from the 
Moderate Resolution Imaging Spectroradiometer (MODIS) enhanced vegetation index time 
series (MOD13Q1), which was used to perform annual land-use/cover classifications (250-m 
resolution), based on differences in vegetation phenology. The high temporal resolution of the 
MODIS time series offers advantages over sensors with higher spatial resolution, such as 
Landsat TM (30-m), because it allows for greater cloud-free coverage during the rainy season, 
when agricultural land uses (e.g., pasture and cropland) are spectrally distinct. The methods used 
in producing this dataset have been described in previous studies (Macedo et al., 2012, Morton et 
al., 2006) and resulted in annual land-use/cover maps of soybean, forest, and pasture/cerrado 
classes.  
We used existing data on the extent of cerrado in 2002 (Sano et al., 2007) and cerrado 
deforestation from 2003 to 2010 (Ferreira et al., 2007) to improve on this analysis by separating 
the pasture and cerrado classes. First we developed a consistent time series of cerrado extent by 
subtracting deforestation polygons for each year from remaining cerrado vegetation in the 
previous year. We used this time series to separate the original pasture/cerrado class into its 
component land covers (pasture grass and cerrado) for 2001-2010 (Fig. B.1). This correction 
affected about 20% of the study area and enabled a more accurate representation of agricultural 




of soy, pasture and native vegetation (forest or cerrado) for each microbasin in the upper Xingu 
(as defined by the Brazilian Water Agency; ANA, 2010), as well as changes in these proportions 
from 2001 to 2010.  
 
Impoundment mapping 
The distribution of farm impoundments in the Xingu Basin was mapped using a high 
resolution (15-m) image mosaic acquired by the Advanced Spaceborne Thermal Emission and 
Reflection Radiometer (ASTER). The mosaic was constructed from 89 image tiles, most of 
which were acquired during the 2007 dry season. In the few cases where 2007 images were 
unavailable, we used the next best image available from the Land Processes Distributed Active 
Archive Center (LPDAAC). Once the image mosaic was assembled, we calculated the 
normalized difference vegetation index (NDVI) for the study area and used an object-oriented 
approach to extract spectrally homogeneous and spatially distinct “image objects” or segments 
(Walker et al., 2010). This segmentation and subsequent extraction of object-level attributes was 
performed using the Definiens eCognition software package. A total of 401 reference points 
were used for the calibration and validation of the classification models. Of these, 85 points were 
GPS locations of impoundments collected on the ground. These field points were supplemented 
by 26 additional impoundments identified by visual interpretation of the ASTER imagery. In 
order to get a sample of “non-impoundment” points, we randomly generated 300 additional 
points and super-imposed them on the ASTER image mosaic. Based on visual interpretation, 
nine of these points were discarded because they occurred in impoundments by chance.   
The classification of impoundment and non-impoundment segments was implemented 




2001). RandomForest uses the training data (segments) to construct an ensemble (“forest”) of 
independent decision trees using a bootstrap sample of the data in a process called bagging 
(derived from bootstrap aggregation). About one third of the reference cases are left out of each 
bootstrap sample. These “out-of-bag” (OOB) samples are predicted during each iteration and 
subsequently aggregated to produce an OOB error estimate. Previous work indicates that OOB 
error rates are robust when compared to error rates calculated using independent validation data 
(Walker et al., 2007a). 
Because impoundments have similar spectral and morphological attributes to other 
objects in the landscape (e.g., small lakes or cloud shadows), the final classification was masked 
to exclude areas outside a 500-m buffer from the stream network (SEMA, 2010) and areas inside 
forested protected areas, which are unlikely to contain impoundments. This eliminated the 
majority of commission errors. As a final step, the entire image mosaic was visually inspected at 
a scale of 1:50,000. Based on visual interpretation of the surrounding land-use/cover classes and 
proximity to rivers and roads, additional objects that were misidentified as impoundments were 
eliminated. About 900 impoundments that were omitted in the original image classification 
(~9,000 impoundments) were digitized and added to the dataset.  
As a final step in the analysis, we estimated the prevalence of impoundments in the 
landscape and assessed how their distribution was influenced by land-use history. First, we 
combined our impoundment map with the stream vector layer from Mato Grosso’s state 
environmental agency (SEMA, 2010). After calculating stream length in ArcGIS 10, we divided 
the stream length outside protected areas by the number of impoundments, yielding an estimate 
of the proportion of the stream network affected by small dams. Finally, we combined the 




concentration of impoundments in each of the following land-use history classes: forest; cerrado; 
natural vegetation to pasture; natural vegetation to soy cropland; and natural vegetation to 
pasture to soy cropland. The final result was normalized by the area (km
2
) in each class.  
 
Catchment-scale classification 
We derived watershed boundaries from vegetation-corrected Shuttle Radar Topography 
Mission (SRTM) data using previously published methods (Hayhoe et al., 2011). Briefly, the 
raw SRTM image mosaic was corrected using a Landsat-based vegetation classification to 
remove bias due to vegetation height. Given the low relief of the study area, forested areas 
adjacent to agricultural land lead to errors in flow direction and, thus, watershed delineation 
(Hayhoe et al., 2011, Kellndorfer et al., 2004, Walker et al., 2007b). Once this bias was 
removed, we derived stream basins from the SRTM using the standard Hydrology Tools in 
ArcGIS 10.0. We determined flow direction and flow accumulation for each SRTM pixel, used 
these to define the stream channel, and delineated the watershed for each stream monitoring 
point by identifying all upstream pixels draining to that point. In two cases, the drainage basin 
had such low relief that an automated delineation was not possible. These were hand digitized 
based on the flow direction grid to correct for errors identified in the automated delineation.  
For the 12 study catchments, we used a 2009 Landsat 5 (LS) image mosaic (Appendix B 
– Supplemental Text) to create a finer-scale (30-m) analysis of riparian cover and agricultural 
cover in the watershed. This would not have been possible with the MODIS-based classification 
because of its coarse scale (250-m), as well as its limited reliability in classifying edge pixels 
(i.e., riparian buffers) and areas smaller than 25 ha (Morton et al., 2005). The Landsat-based 




calculated the normalized difference vegetation index (NDVI) and Tasseled Cap (TC) 
transformations, resulting in a total of 9 bands (LS 1-5, NDVI, TC1-3). We extracted pixel 
values in all bands for each of 500 training points. Of these, 302 were collected in the field 
during the summer of 2010 (234 in pasture or soy, 68 in forest). In order to improve the 
classification, we selected 87 additional water and 25 additional wetland points based on on-
screen visual interpretation of the image mosaic. Classification of these training pixels was 
implemented using randomForest, as described above. Finally, we used the randomForest 
ensemble of models to predict the land use/cover in each pixel of the image mosaic. Once 
completed, this classification was used to summarize percent agriculture in each watershed, as 
well as the percent forest cover in riparian buffers of varying length: 30-m surrounding the 
sample point, 100-m upstream of the point, and 500-m upstream of the point. All stream buffers 
were defined as being 30-m wide, in keeping with current requirements under the Brazilian 
Forest Code (Stickler, 2009). 
 
Catchment-scale field sampling 
At each sampling site, we deployed two Onset HOBO Pendant Temperature and Light 
data loggers to measure water temperature and light (lux) every 30 minutes. Light was measured 
using a data logger attached to a flotation device to maintain the logger at the water surface, 
while stream temperature was measured 25 cm below the surface to minimize the influence of 
direct sunlight on logged temperature measurements. The light loggers measure illuminance and 
estimate the relative amount of light reaching the stream surface at each site. Hemispheric 
(fisheye) photographs were also used to characterize the riparian forest cover (percent light 




stations that logged precipitation events and hourly air temperature. The present analysis focuses 
on sixteen months of data collected by the data loggers at each site. In order to verify that the 
temperature patterns observed in this study are representative of a typical year, we also examined 
a longer time series, consisting of hourly temperature data collected in a subset of the study area 
from 2007 to 2010. This dataset was collected as part of a study on discharge (Hayhoe et al., 
2011) in 9 first order streams (6 soy and 3 forest watersheds). 
In order to directly test the effects of impoundments on stream temperature we placed 
pairs of synchronized data loggers above and below six impoundments in the study area during 
the month of July, 2010. The temperatures above (upstream) and below (downstream) the 
impoundments were compared using an analysis of variance. We then selected a single 
impoundment (~0.63 km long) to examine the rate of temperature recovery downstream. To do 
this, we created a transect using a total of 11 temperature loggers over the course of 6 weeks 
(September to November, 2010). One logger was placed above the impoundment (the baseline); 
two loggers were placed at the two outlets of the impoundment and averaged to yield the mean 
temperature at 0-m below the impoundment; 7 loggers were placed from 0-m to 1050-m at 150-
m intervals; and the last logger was placed near a bridge approximately 2350-m downstream. 
These field observations were then combined with the stream layer and the ASTER-based 
impoundment maps to estimate the proportion of the Xingu stream network with warmer water 
temperatures as a result of impoundments. 
 
Modeling temperature at the catchment scale 
In addition to land use/cover, we selected the following variables as potential predictors 




from hemispheric photographs), light at the stream surface (lux), air temperature, the number and 
density (per stream km) of upstream impoundments, distance to the nearest impoundment, 
percent forest cover in riparian buffers, and percent forest cover in the watershed. Because 
extreme temperatures and diel variability are more likely to limit aquatic organisms than mean 
temperature, we used the upper quantile (75% probability) daytime temperature as the dependent 
variable. Light and rainfall data were log-transformed and all covariates were standardized to 
facilitate interpretability across variables (Gelman &  Hill, 2007, Schielzeth, 2010).  
As a first step, we conducted exploratory analyses using ordinary least square (OLS) 
regression models to examine the relative importance of each variable. The OLS regressions 
were used as a basis for choosing the lag (temporal or spatial) for each variable that optimized its 
ability to predict water temperature. For air temperature, we considered both the daily and upper 
quantile mean air temperatures with lags from 0 to 2 days. For rainfall, we considered the total 
daily rainfall with lags from 0 to 2 days, as well as the total weekly rainfall at 1 and 2-week lags. 
Finally, we evaluated several nested spatial arrangements for riparian buffers of 30-m width (30-
m, 100-m, and 500-m long buffers upstream of the sampling location). Comparison of regression 
results, based on R
2
 and the Akaike Information Criterion (AIC), indicated that (log) weekly 
rainfall with a two-week lag; mean daily air temperature with no lag; and a 500-m long upstream 
riparian buffer were the best predictors of stream temperature.  
Once the full set of independent variables was assembled, we eliminated collinear 
variables based on examination of the correlation matrix and variable inflation factors (VIF < 4, 
Zuur et al., 2009). Notably, percent forest cover in the watershed was highly collinear with 
impoundment density and was excluded from the models. Instead, we elected to focus on 




landscapes. We used the final set of independent variables to develop linear mixed models in 
order to understand the relative importance of different land management variables in predicting 
observed stream temperature (Table 3.2). Our model took the form: 
YT = β0 + β1xrf + β2xat + β3xrf*xat + β4ximp + β5xlt + β6xppt + Ԑ 
where YT is the predicted upper quantile daytime temperature; xrf is percent forest in the riparian 
buffer 500-m upstream; xat is the air temperature; xlt is the (log) light at the stream surface; xppt is 
the (log) weekly rainfall with a two-week lag; ximp is the density of impoundments upstream of 
the sampling location; and Ԑ is a random effect term including the month of the year and 
sampling location. The term xrf*xat represents the interaction between riparian forest cover and 
air temperature as predictors of stream temperature. This interaction was included in the model 
because of the known relationship between forest cover and land surface temperature. As forest 
cover decreases we would expect an increase in surface temperature in the watershed, which 
directly affects air temperature (Loarie et al., 2011b). Because of this interdependency, these two 
factors in the model are likely to interact. All models included the month of year and sampling 
location as a random effect in order to account for seasonality and repeated measures at each site 
(Gelman &  Hill, 2007, Pinheiro &  Bates, 2000). Including location of the sample sites as a 
random effect reduces some of the noise created by random variation at each individual site, 
without overfitting the model. Models were evaluated using the corrected AIC (AICc; Burnham 
&  Anderson, 2002). 
 
Modeling temperature at the landscape scale 
We used the catchment-level temperature model to scale up our understanding of the 




impoundment map and stream layer, we calculated the impoundment density for each microbasin 
(ANA, 2010) in the Xingu Basin. Gridded climatological datasets for air temperature (Fan &  
van den Dool, 2008) and rainfall (Huffman et al., 2007) were used to calculate the long-term 
mean values of these environmental variables for each microbasin. We estimated headwater 
stream temperature for the following three scenarios of riparian buffer conservation: 100%, 50% 
and 0% conservation of riparian forest buffers within each microbasin. For each scenario, we 
estimated the average (log) light reaching the stream surface based on field measurements from 
the sample locations that most closely approximated those scenarios. Microbasins within 
protected areas were assumed to have 100% riparian forest conservation in all three scenarios. 
The final results for each scenario were expressed as the deviation from a hypothetical reference 




 The overall accuracies of the MODIS, Landsat 5, and ASTER classifications were 92%, 
97%, and 99%, respectively (Table B.1). More specifically, the user’s accuracy for the Landsat-
based riparian forest class was 96% and that of the ASTER-based impoundment class was 98%. 
As previously reported (Macedo et al., 2012), the user’s accuracies for the MODIS-based forest, 
pasture, and cropland classes were 94%, 94%, and 89%, respectively.   
 
Landscape-scale trends in land use/cover 
MODIS-based analyses of land use/cover in the upper Xingu indicate that the number of 




2000, 14% of watersheds outside protected areas had more than 50% of their area occupied by 
agriculture (i.e., pasture and soybeans), by 2010 this number had increased to 28%. In 2001, the 
average catchment had 25% of its area occupied by agriculture, nearly all of it in pasture. By 
2010, the average catchment had 40% of its area occupied by agriculture, with over 15% in 
soybeans and the remainder in pasture (Fig B.2). The areas of most rapid soybean expansion 
were the watersheds close to the BR-163 highway in the western Xingu and the municipality of 
Querência, to the east of the Xingu Indigenous Park (Fig. 3.3b). Cattle ranching expanded 
throughout the upper Xingu and came to dominate many of the watersheds south and east of the 
park by 2010 (Fig. 3.3a). 
 Based on our ASTER classification, we estimated that there were approximately 10,000 
impoundments in the upper Xingu Basin as of 2007 (Fig. 3.4). With few exceptions, all of these 
occurred in headwater streams outside of protected areas. On average, there was one 
impoundment per 7.4 km of stream outside of protected areas. In 2007, the concentration of 
impoundments in pasture areas (0.14/km
2
) was twice as high as that in soybeans (0.06/km
2
), 
while the concentration in cerrado (0.05/km
2
) and forest (0.02/km
2
) areas was lower than that in 
either agricultural land use (Fig. 3.5). Areas that were converted from pasture to soybean 
production had a higher concentration of impoundments than those that were converted directly 
from native vegetation to soybeans. 
 
Catchment-scale trends in stream temperature 
The landscape-scale changes described above have direct implications for water 
temperature at the catchment scale. In general, streams in reference (forested) watersheds were 




The mean daily maximum temperature in forested streams (25.8
o





C) streams and 3
o
C cooler than soy (29.0
o
C) streams (Fig. 3.6b). This 





C cooler than pasture and soy streams, respectively. These patterns suggest that 
small streams in forested watersheds are relatively buffered against extreme temperatures when 
compared to those in agricultural watersheds. This buffering capacity is illustrated by the fact 
that stream temperatures in pasture watersheds frequently exceeded 30
o
C during the hottest part 




C on several occasions, whereas forested 
streams had an absolute maximum of 27
o
C during the entire time series. A comparison of long-
term data in soybean and forest watersheds indicated that stream temperature was highly 
seasonal and follows a sinusoidal pattern, with higher temperatures during the peak of the rainy 
season (southern hemisphere summer) and lower temperatures during the dry season. This 
pattern was consistent with seasonal variations in air temperature, and differences among 
forested and soybean watersheds were consistent across years (Fig. 3.7). 
Stream temperature was significantly correlated with the amount of light reaching the 
stream surface (p<0.001), which explained approximately 30% of the observed variation in 
daytime temperature (R
2
 = 0.28). The mean amount of light reaching the stream surface was 
positively correlated with canopy openness and negatively correlated with percent forest cover in 
a 30-m buffer around the sample point. Of the three riparian buffer lengths considered (30-m, 
100-m, and 500-m), the 500-m buffer had substantially more explanatory power than the other 
candidates, indicating a lag in the recovery of stream temperatures downstream of a clearing. The 






 = 0.65), suggesting that maintenance of riparian areas is a key factor in 
maintaining stream temperature. 
Water temperature was positively correlated with the density of impoundments (Fig. 
3.8b) upstream of the sampling locations (p<0.01, R
2
 = 0.64). Direct measurement of 
temperatures above and below six impoundments indicated that these water bodies have a 
pronounced warming affect. Both mean and upper quantile temperatures downstream of the 
impoundments were significantly warmer than temperatures upstream (Fig. 3.9a; ANOVA, 
p<0.001), with a mean temperature increase (∆T) of 1.7 
o
C. Results from one transect below an 
impoundment suggest a linear pattern of recovery downstream, as riparian shading and 
groundwater inputs bring the temperature back to equilibrium. The temperature had not 
completely recovered to the baseline level 2.4 km downstream of the impoundment (Fig. 3.9b).  
 
Catchment-scale temperature model 
Although soybean and pasture catchments were both associated with warmer stream 
temperatures, they exhibited different patterns in management-related covariates such as riparian 
forest cover and impoundment density (Table 3.1). We developed linear mixed models (Table 
3.2) to understand the relative importance of each of these predictors of stream temperature, 
while controlling for environmental variables (rainfall, air temperature, and month of year). 
Comparison of parameter estimates (Fig. B.3) indicates that upstream riparian cover and 
impoundment density were the most important predictors of stream temperature, followed by air 
temperature. Riparian forest cover showed a significant interaction with air temperature in 
predicting stream temperature (p<0.001), with the former having a strong cooling effect and the 




temperatures) each additional unit of upstream riparian forest cover resulted in a 17.5% reduction 
in the potential warming effect of air temperature, supporting the notion that riparian forests 
serve an important buffering function. 
To estimate the proportion of the stream network altered by impoundment-induced 
warming, we combined field-based measurements of downstream temperature recovery with our 
satellite-based map of impoundments. Based on the downstream temperature transect, we 
estimated a cooling rate of 0.63
 o
C per km. Given this cooling rate and the mean ∆T after 
impoundments, the average recovery distance would be 2.74 km downstream of the outlet. 
Assuming that these measured relationships were representative of the average impoundment in 
the Basin, we estimate that 27,380 km (37%) of the stream network outside protected areas were 
potentially under the thermal influence of impoundments in 2007. Including the stream length 
occupied by the impoundments themselves (mean ~0.6 km) would increase the estimate to 45% 
of the stream network.  
 
Landscape-scale temperature model 
As riparian buffer conservation decreased, the predicted change in stream temperature 
(∆T) increased, and the relative importance of impoundments as a driver of warming decreased 
(Fig. 3.10). Under the conservation scenario (100% RF), the mean ∆T was 0.23
o
C, 5% of 
microbasins had a ∆T > 1
o
C, and 0.5% of microbasins had a ∆T > 2
o
C. Under the scenario with 
50% RF conservation, the mean ∆T was 1.17 
o
C and 9% of microbasins had a ∆T > 2
o
C. Under 
the scenario with no RF conservation, the mean ∆T was 2.26 
o
C and 75% of microbasins – or all 







Discussion and Conclusions 
Global demand for agricultural products is expected to increase by as much as 70% by 
2050 (Bruinsma, 2009) and tropical regions are the only remaining areas with land available to 
meet these demands (DeFries &  Rosenzweig, 2010). Although socially and economically 
important, the expansion of industrial agriculture in the tropics involves a number of potential 
tradeoffs, including the fragmentation and degradation of freshwater ecosystems and associated 
changes in stream temperature. Meeting the food demands of a growing population while 
minimizing the negative impacts of agricultural expansion will be one of the greatest challenges 
of the coming decades. Achieving it will require thoughtful management of agricultural lands at 
the landscape scale and the development of region-specific mitigation strategies based on solid 
science. This study documents the extent to which agricultural expansion has already impacted 
headwater streams in the southern Amazon and expands our understanding of how to manage 
these impacts in this and other agricultural frontiers.  
Despite environmental legislation to protect forests and riparian areas on private lands 
(Azevedo, 2009, Stickler, 2009), soybeans and cattle ranching are expanding and intensifying 
rapidly in upland areas in the Xingu Basin. Within the last decade, small watersheds outside of 
protected areas have seen a steady decline in the proportion of upland forest cover and an 
increase in the proportion of agricultural land uses (Fig. 3.3). In addition to decreased forest 
cover, cattle pastures are strongly associated with the installation of small farm impoundments to 
provide drinking water for cattle. Previous research suggests that cattle ranching is also 
associated with degradation of riparian areas, due to the direct effects of grazing and the 
encroachment of pasture grasses into the stream channel (Deegan et al., 2011). Our analysis 




soybeans. Furthermore, although impoundments are associated with the legacy of cattle ranching 
in the region, it appears that many more are being installed as a result of a growing network of 
private and public roads in the landscape. This explains the presence of impoundments in areas 
classified as cerrado and forest, as well as those converted directly from natural vegetation to 
soybeans. Due to limited data on informal roads in the region, we were unable to evaluate the 
relative importance of roads for the proliferation of impoundments in the landscape. This is an 
important area for future research and will complement the results presented here.  
At the catchment scale, our results indicate that land management can play an important 
role in reducing land use-related increases in stream temperature. As expected, the amount of 
forest cover in upstream riparian buffers is a key predictor of stream temperature, suggesting that 
existing legislation to conserve and restore riparian buffers is appropriate. In this regard, 
temperature can serve as a simple and relatively inexpensive measure of the long-term impact of 
these efforts on the ground. The presence of instream impoundments also had a measurable 
impact on downstream temperature and, given the density of impoundments in the landscape, is 
likely an important factor in the overall integrity of the stream network. Although our sample 
locations captured a wide range in the variation of riparian forest cover, they were limited to 
“end member” watersheds that were almost exclusively in one land use. Future research efforts 
could expand on this work by including a gradient of land-use/cover configurations that would 
lend more insight into the thresholds beyond which declines in stream integrity become evident. 
Our results confirm the importance of riparian buffers for mitigating the thermal impacts 
of land use and thereby buffering streams against land-use related degradation. Currently, the 
Brazilian Forest Code requires the maintenance of 30-m buffers around small streams and even 




requirements was low due to a mixture of unclear land tenure, lack of capacity for monitoring 
and enforcement, and poor dissemination of the requirements to property managers and owners. 
In recent years the state and federal governments have made much progress in clarifying land 
tenure, educating landowners, and improving enforcement through satellite-based monitoring 
and environmental licensing (Azevedo, 2009). Extension activities through non-profit 
organizations and government programs have raised awareness and built capacity for the 
restoration of riparian buffers in the region, although restoration is often challenging, particularly 
in areas with a pasture legacy. Recently proposed changes to Brazilian environmental legislation 
(Tollefson, 2011) threaten to weaken these efforts by reducing riparian buffer requirements and 
delegating enforcement activities to the state or municipal level, where there may be little 
capacity or political will to do so. 
Our results also highlight impoundments as a pervasive and previously undocumented 
threat to the upper Xingu network. These water bodies are installed in an ad hoc manner in the 
landscape, primarily as a result of conversion for pasture and expansion of the road network. At 
least one impoundment is present in nearly all first and second order streams in agricultural 
watersheds and each is associated with measurable increases in stream temperature. Our 
landscape-scale analysis suggests that these impoundments may have a large cumulative impact 
on headwater streams, fundamentally altering the thermal regimes, hydrology, and connectivity 
of the stream network. The Brazilian government’s decision to proceed with installation of the 
Belo Monte hydroelectric dam in the Xingu Basin has received a great deal of national and 
international media attention, particularly for its impacts on indigenous communities upstream. 
While the focus on large hydroelectric dams is warranted, this study suggests that small farm 




impact on the temperature regime and, by extension, stream metabolism, connectivity, and 
overall function. Such changes have the potential to negatively impact water quality, as well as 
fisheries that are important for reserve residents. Mitigating these impacts, as well as those of 
future agricultural expansion and intensification in the region, would require new regulations that 
limit the number of new farm impoundments in emerging agricultural landscapes. 
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Table 3.1:  Landscape attributes of each sample stream.  
Watershed IMP (#) IMP ( per km) % RF (500-m) Area (km
2
) % FOR 
Forest 1 0 0 100 9.8 97 
Forest 2 0 0 100 14.6 96 
Forest 3 0 0 98 17.7 95 
Forest 4 0 0 100 18.1 100 
Pasture 1 4 0.75 100 15 04 
Pasture 2 3 0.47 29 22.8 03 
Pasture 3 1 0.93 35 4.6 00 
Soy 1 5 0.7 70 20.9 18 
Soy 2 1 0.37 88 10 43 
Soy 3 1 0.45 00 16.2 47 
Soy 4 1 0.38 98 9.6 06 
Soy 5 1 0.48 100 5.5 08 
 
IMP (#), number of impoundments; IMP (per km), number of impoundments per km of stream length 





Table 3.2: Model comparison for daily stream temperature using the corrected Akaike 
Information Criterion (AICC). Also reported are the degrees of freedom and the AICc weight for 
each model. 
Model df ΔAICc Weight 
RF + LT + PPT + AT + IMP + RF*AT 11 0 0.950 
RF + LT + PPT + AT + RF*AT 10 6 0.050 
RF + PPT + AT + IMP + RF*AT 10 61 < 0.001 
RF + LT + PPT + AT + IMP  10 66 < 0.001 
RF + LT + AT + IMP + RF*AT 10 2187 < 0.001 
  
RF, percent riparian forest cover (500-m upstream); LT, log of light at stream surface; PPT, log of 










Figure 3.1: Map of the study area, with major rivers of the upper Xingu Basin. Stars indicate the long-








Figure 3.2: River heat exchange processes. Energy exchange at the air/water interface occurs as a result 
of: (i) solar (net shortwave) radiation (Hs); (ii) net long-wave radiation (Hr); (iii) latent heat flux due to 
evaporation (He); and (iv) sensible heat flux (Hc) due to conduction and convection as a result of river-








Figure 3.3: Proportion of Xingu microbasins occupied by cattle ranching (top) and soybeans (bottom) 
from 2001 to 2010. Watershed boundaries were acquired from the Brazilian Water Agency (ANA, 2010) 






Figure 3.4: Impoundments in the upper Xingu Basin. The map is based on classification of an ASTER 
image mosaic and indicates the presence of nearly 10,000 small farm impoundments in the upper 








Figure 3.5: Distribution of impoundments in each land-use history, normalized by area. Pasture and soy 
areas were converted directly from native vegetation (forest or cerrado) for that land use. Areas converted 
from native vegetation to pasture and subsequently to soybeans are designated as p-soy. The distribution 
of impoundments was mapped using an ASTER image mosaic, whereas land-use history (2001-2010) 





Figure 3.6: Relationship between land use and stream temperature. (a) Summary of daytime stream 
temperature (upper quantile) by land use. Land use is a significant predictor of stream temperature (p< 
0.001, R
2
 = 0.38). (b) Mean diel temperature patterns, with bootstrapped non-parametric confidence 










Figure 3.7: Monthly stream temperature in first order streams in soy (N=6) and forest (N=3) watersheds 






Figure 3.8: Relationship between mean daytime stream temperature (upper quantile) and covariates 
related to land management. (a) Stream temperature was negatively correlated with percent forest cover in 
the riparian buffer 500-m upstream (p<0.01, R
2
=0.65). (b) Stream temperature was positively correlated 








Figure 3.9: Influence of impoundments on stream temperature. (a) Upper quantile temperature upstream 
(dashed blue line) and downstream (solid red line) of six impoundments in the study area. (b) Transect 
showing recovery of stream temperature downstream of impoundment D. Loggers were placed every 150-









Figure 3.10: Predicted increases in headwater stream temperature under different management scenarios. 
Temperature was calculated for each microbasin (ANA, 2010) in the upper Xingu Basin, and is expressed 
as the deviation from a hypothetical reference scenario that assumed no impoundments and 100% riparian 
forest (RF) conservation. The three modeled scenarios use the impoundment density mapped for 2007 and 
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Chapter 4  
Hydrologic connectivity and the future of Amazon protected areas 
 
Abstract 
The Amazon Basin contains the world’s greatest diversity of freshwater fish, as well as 
productive fisheries that are a vital source of protein for local people. The aquatic ecosystems 
that support these resources are increasingly under threat, primarily due to land-cover and land-
use changes (LCLUC) in upland forest areas. Large-scale deforestation may degrade stream 
ecosystems through a variety of mechanisms, including fragmentation due to roads and 
impoundments; changes in the amount of light, sediments, and nutrient inputs from riparian 
areas; and alterations to both the quality and quantity of water flowing within streams. Although 
indigenous lands and protected areas (ILPAs) are the primary tools being used to safeguard 
forests, their design has often overlooked the hydrological connections linking them to 
surrounding landscapes. This study examines the vulnerability of the Amazon ILPA network to 
future losses in hydrologic connectivity at two scales. First, we examine the case of the Xingu 
Indigenous Park (PIX), a 2.6 million ha indigenous reserve located in the heart of the Amazon’s 
‘arc of deforestation’. The PIX has an upstream zone of influence (ZOI) roughly four times its 
size, with approximately 40% of its area in agriculture and an estimated 7,500 existing farm 
impoundments. Future projections indicate that deforestation in the landscape will increase to 
between 49 and 79% of the ZOI by 2050. Scaling up, we find that 30% of existing Amazon 
ILPAs are highly vulnerable to potential future reductions in hydrologic connectivity, simply 
because of their location within their watersheds. Of these, between 26 and 50% are likely to 




Amazon ILPAs in conserving freshwater resources will require looking well beyond their 
boundaries to mitigate the influence of LCLUC upstream. By combining information on 
vulnerability and the likely timing of future deforestation, this study provides a simple 
framework for prioritizing these landscape management efforts. 
 
Introduction 
 The Amazon Basin contains the greatest diversity of freshwater fish species of any 
watershed in the world (Abell et al., 2008, Revenga et al., 1998, Thieme et al., 2007). Inland 
fisheries yield 450,000 tons of fish each year and are a vital source of protein for local people 
(Junk et al., 2007), yet the aquatic ecosystems that support these resources are under increasing 
pressure. Today, large-scale deforestation is among the most pervasive threats to freshwater 
ecosystems in the Amazon and is increasingly driven by global demand for agricultural 
commodities such as soybeans, biofuels, and beef (Macedo et al., 2012, Nepstad et al., 2006b). 
Watershed forest cover is a key determinant of fundamental hydrological processes, including 
evapotranspiration (ET), rainfall, stream flow, and downstream fluxes of sediments and 
nutrients. In addition to altering these processes, the large-scale conversion of forests to pasture 
grasses and croplands may further degrade stream ecosystems by changing the amount of light 
and nutrient inputs from riparian areas, increasing stream temperature, increasing fragmentation 
due to roads and impoundments, and altering water quality due to increases in sediment and 
pesticide loading. Hence, large-scale agricultural expansion has the potential to fundamentally 
change the quality and distribution of freshwater habitats within a stream network, with direct 
consequences for stream biota and the overall integrity of fluvial ecosystems (Greenwood et al., 




Today, indigenous lands and protected areas
13
 (ILPAs) are the primary tool being 
employed to conserve forested areas in the face of growing threats. A great deal of research 
effort has been invested in evaluating the effectiveness of the Amazon protected area network 
and its potential to provide lasting environmental services, including carbon storage and 
reduction of greenhouse gas emissions (Fearnside, 2009, Ricketts et al., 2010, Soares et al., 
2010); inhibition of land-use related fires and deforestation (Adeney et al., 2009, Bruner et al., 
2001, Ewers &  Rodrigues, 2008, Joppa et al., 2008, Nelson &  Chomitz, 2011, Nepstad et al., 
2006a); conservation of representative biodiversity (Schulman et al., 2007); and buffering 
against potential climatic “tipping points” that threaten to desiccate Amazonian forests and push 
them towards a more savannah-like physiognomy (Nepstad et al., 2008, Walker et al., 2009). On 
balance, these studies indicate that the Amazon network of ILPAs effectively conserves standing 
forests and, by proxy, terrestrial biodiversity, but there has been little emphasis on assessing its 
effectiveness in conserving freshwater ecosystems and maintaining hydrological ecosystem 
services.  
The conservation of aquatic biodiversity poses unique challenges to protected area 
managers, who are often charged with managing freshwater resources within park boundaries in 
the face of threats that may be hundreds of kilometers upstream and well outside their 
jurisdiction. Part of the difficulty stems from the fact that most tropical protected areas have been 
designed with terrestrial conservation criteria in mind, often ignoring the connectivity of 
freshwater systems by excluding critical parts of a watershed (Abell et al., 2007, Nel et al., 2011, 
Pringle, 2001). The flow of water within river networks is thus an important mechanism linking 
                                                        
13
 The term “protected area” refers to any area of land or sea managed for the persistence of biological diversity and 
other natural processes through constraints on incompatible land uses (Possingham et al., 2006). In this study, the 
“ILPA network” includes both strict nature reserves and managed use areas, such as indigenous lands and 





protected areas to surrounding landscapes, making them vulnerable to land use changes 
occurring outside their boundaries – changes that may alter the ecological flows required to 
maintain disturbance regimes, nutrient flows, organism movement, and population processes 
within the reserve (Hansen &  DeFries, 2007, Herbert et al., 2010). As protected areas become 
increasingly isolated (DeFries et al., 2005) and embedded in human-dominated landscapes 
(Wittemyer et al., 2008), there is a growing awareness that effective management must consider 
the surrounding landscape (DeFries et al., 2007, Ewers &  Rodrigues, 2008, Hansen &  DeFries, 
2007). Recent studies have suggested methodologies for delineating the zones of influence (ZOI) 
that may impact a protected area as an important first step in developing effective management 
plans, identifying potential threats in the surrounding landscape, and setting realistic 
conservation targets (DeFries et al., 2010a, DeFries et al., 2010b, Hansen et al., 2011). Here, we 
use the term ZOI to refer only to the hydrological zone of influence upstream of protected areas. 
The concept of connectivity has been used extensively to describe spatial connections in 
riverine landscapes (Amoros &  Bornette, 2002, Pringle, 2003, Ward, 1989, Ward et al., 2002). 
Ward (1989) describes rivers as having interactive pathways in four dimensions, one temporal 
and three spatial, consisting of longitudinal (headwater-estuarine), lateral (riverine-riparian), and 
vertical (riverine-groundwater) connections. The location of a protected area within this 
hydrological landscape (Fig. 4.1) plays a key role in determining how it will be affected by 
alterations in hydrologic connectivity, defined as the “water-mediated transport of matter, energy 
and organisms within and between elements of the hydrological cycle” (Freeman et al., 2007, 
Pringle, 2003, Pringle, 2001). Human development activities may reduce hydrologic connectivity 
directly via the expansion of infrastructure (e.g., dams, roads, and farm impoundments), water 




exacerbated by indirect impacts associated with the removal of native vegetation, including 
changes in patterns of discharge (Coe et al., 2009, Coe et al., 2011, Hayhoe et al., 2011 ), local 
and regional precipitation (Da Silva et al., 2008, Werth &  Avissar, 2002) and ET, stream 
temperature (Macedo et al., in prep.,Caissie, 2006), and nutrient and sediment fluxes.  
Habitat fragmentation in dendritic landscapes (e.g., stream networks) has different – and 
arguably more severe – consequences for fragment size than in linear or two-dimensional 
systems (Grant et al., 2007). The result is smaller fragments and higher variance in fragment size 
(Freeman et al., 2007), which can lead to pronounced mismatches between the geometry of 
dispersal and the geometry of disturbance. This disparity can have critical implications for 
population persistence (Fagan, 2002, Fagan et al., 2002). Even in areas where stream reaches 
remain structurally connected, fluvial species may experience a functional decrease in 
connectivity. For example, the removal of riparian forests has been shown to increase stream 
temperatures (Macedo et al., in prep.), decrease shading, and reduce the inputs of leaf litter and 
large woody debris (Wright &  Flecker, 2004), all of which alter the quality and distribution of 
habitat for fish and other aquatic organisms (Lorion &  Kennedy, 2009a, Lorion &  Kennedy, 
2009b). Small impoundments not only increase local stream temperature but also create a lentic 
(lake-like) environment in place of a lotic (stream) environment. Despite being physically 
connected by water, stream reaches with impoundments and degraded riparian areas may require 
fluvial species to move through suboptimal habitat conditions (Schlosser et al., 2000), thus 
increasing the resistance to movement within the stream network. This loss of connectivity 
negatively impacts fish dispersal and recolonization after an extreme event (Hess, 1996) and 




Although there is growing recognition of the need to incorporate freshwater criteria into 
conservation planning and protected area design (Abell et al., 2007, Herbert et al., 2010, Nel et 
al., 2009, Thieme et al., 2007), the development and implementation of these principles is years 
behind that in the terrestrial – or even the marine – realm (Barmuta et al., 2011). Few freshwater 
protected areas exist today, even though the loss of freshwater biodiversity is occurring at a rapid 
pace (Abell et al., 2007, Dudgeon et al., 2006, Johnson et al., 2008, Vorosmarty et al., 2010). 
This study examines the potential for the existing network of Amazon protected areas to fill this 
gap through management of the surrounding landscape. In the context or freshwater resources, 
specific management strategies might include: the development of integrated watershed land use 
plans; conservation and restoration of riparian forest buffers in agricultural watersheds; 
regulation to minimize the negative impacts of hydroelectric dams, roads, and farm 
impoundments; monitoring and enforcement of existing environmental legislation; watershed 
fisheries management; and the creation of policy incentives that encourage environmentally 
sound land management (e.g., no-till agriculture, erosion control, livestock fencing) on private 
properties.   
This study examines the status of the current Amazon ILPA network from the perspective 
of freshwater conservation, focusing on two scales. At the landscape scale, we examine the case 
of the Xingu Indigenous Park (PIX), a large indigenous reserve in the heart of the Amazon’s 
agricultural frontier. At the scale of the Amazon Basin, we evaluate the vulnerability of ILPAs to 
future losses in hydrologic connectivity due to deforestation and development within their zones 





(1) To what extent has land use change in the headwaters of the Xingu Basin altered 
hydrologic connectivity in the PIXs zone of influence?  
(2) To what extent does the existing network of Amazon ILPAs contribute to ecological 
services through hydro-climatic regulation (i.e., evapotranspiration) and the protection of 
critical habitats (i.e., wetlands)? 
(3) How vulnerable are Amazon Basin ILPAs to hydrologic fragmentation due to future 
land-use/cover changes within their watersheds?  
(4) Given limited resources, how can we prioritize management of ILPAs based on the likely 
location and timing of development? 
 
Data and Methods 
Study area  
The Xingu Indigenous Park and the subwatersheds that drain into it occupy an area of 
approximately 14 million ha in the state of Mato Grosso, Brazil. The 2.6 million ha indigenous 
reserve was created in 1964 for the subsistence of the 14 ethnic groups living within its 
boundaries. At the time, the region was largely forested and the park boundaries were 
demarcated in such a way that they excluded most of the headwaters region, which flow directly 
into the park via major tributaries of the Xingu River. Today, the PIX is in the heart of the 
Amazon’s agricultural frontier and immediately downstream of a region that has undergone rapid 
deforestation over the last two decades and is now one of Brazil’s major cattle and soy producing 
regions (Morton et al., 2006, Nepstad et al., 2006b, Stickler et al., 2009).  
Moving beyond the agricultural frontier, the Amazon ILPA system is comprised of over 




reserves), indigenous lands, and sustainable use areas that are managed for timber or non-timber 
forest products. Our assessment considers the drainage area of the Amazon Basin, which 
encompasses approximately 6.9 million km
2
 and spans seven countries (Fig. 4.1). Because our 
focus is on hydrologic connectivity, we did not consider the easternmost regions of the Brazilian 
Legal Amazon, which occur in the Cerrado biome and form the headwaters of major rivers in 
eastern South America (Coe et al., 2011), nor did we consider the adjacent forested regions of 
the Orinoco Basin and Guiana shield, which drain northward towards the Atlantic Ocean. 
 
Data sources 
In order to characterize the degree of freshwater protection afforded by Amazon ILPAs, 
as well as their upstream zones of influence, we combined several datasets derived from satellite-
based sensors with existing databases of protected areas and watershed boundaries. Boundaries 
for the Amazon protected area network come from a database put together from various sources 
by the Amazon Scenarios Project, as did modeling results projecting deforestation until 2050, 
based on different development scenarios (Nepstad et al., 2009, Soares et al., 2010, Soares et al., 
2006). Boundaries for indigenous lands in the Brazilian Amazon came from Brazil’s National 
Indian Foundation (FUNAI, 2011). Watershed boundaries came from the Brazilian water agency 
(ANA, 2010) and a digitized stream network for the upper Xingu from the Mato Grosso State 
Environmental Agency (SEMA, 2010). For watershed delineation, we used a hydrologically 
conditioned digital elevation model (DEM) from the 15 arc-second Hydrosheds product (Lehner 
et al., 2006).  
Land use data for the upper Xingu Basin was derived from the Moderate Resolution 




2012) time series (2001-2010), combined with datasets on the distribution (Sano et al., 2007) and 
deforestation (Ferreira et al., 2007) of native cerrado vegetation. Spatial data on the distribution 
of wetlands was derived from Japanese Earth Resources Satellite Synthetic Aperture Radar 
(JERS SAR) images (Hess et al., 2009) and data on ET in the Amazon Basin came from the 
MODIS ET data product (MOD16). The distribution of impoundments was derived from a 2007 
mosaic of the Advanced Spaceborne Thermal Emission and Reflection Radiometer (ASTER; 
Macedo at al., in prep.).  
 
Delineating the hydrological zone of influence 
For the purposes of this analysis we defined the zone of influence as the drainage area 
flowing into a protected area via the stream network. We excluded rivers that form the boundary 
of a protected area, but never flow through it. This is a relatively common design in the Amazon 
ILPA network, but we assume that managers have little jurisdiction over the management of 
these rivers. Our analysis treated each protected area as an independent unit, even when it 
occurred within a large corridor of protected areas. Although having adjacent protected areas in 
the ZOI reduces the likelihood of land-use related disruptions to hydrologic connectivity, the 
effective conservation of aquatic resources in an individual protected area will require, at a 
minimum, coordination with ILPA managers upstream to harmonize management activities and 
potentially competing uses of freshwater resources. 
We used the ArcHydro tools in ArcGIS 10 for all watershed delineation and stream 
generation. First, we defined the stream network using the Hydrosheds flow direction grid at 15 
arc-second resolution (Lehner et al., 2006). Next, we generated a point layer that represents the 




remove spurious drainage points generated along the boundaries where rivers and protected areas 
coincided, as well as points that represented outlets where rivers drained out of the protected 
area. The final layer of drainage points represented inlets that connect the protected area interior 
to the zone of influence upstream. These inlets were used to delineate subwatersheds comprising 
the zone of influence for each protected area. The final ZOI layer was generated by merging all 
subwatersheds contributing to a given conservation unit. 
 
Assessing hydrological function and vulnerability of ILPAs 
For the case of the Xingu Indigenous Park, we used existing land-use and land-cover 
information to assess the degree to which past LCLUC in the region has decreased hydrologic 
connectivity upstream. Specifically, we assess the spatial distribution of agriculture (soy 
croplands and cattle pastures) and the density of upstream impoundments in the ZOI. To do this, 
we summarized recent data on land use (Macedo et al., 2012) and impoundments (Macedo et al., 
in prep.) using the Brazilian Water Agency’s smallest watershed unit, which we refer to here as a 
microbasin. We then compared 2010 land cover in this agricultural frontier with modeled 
scenarios of deforestation in 2050 under business as usual (BAU) and governance (GOV) 
assumptions (Fig. 4.3; Soares et al., 2006). As described by Soares et al. (2006), the BAU 
scenario assumed that deforestation rates during the period from 1997 to 2002 would continue 
unabated. The governance scenario assumed improved governance and stricter limits on the 
amount and location of deforestation. Both scenarios assumed that the paving of new roads in the 
region would go forward as planned. Because the Amazon Scenarios model masked out the non-
forest (cerrado) areas in the southern portion of the Xingu Basin, our analysis only considered 




future scenarios. Finally, we compared the distribution of forest cover (%) in the ZOI and the 
1166 microbasins it encompasses for present-day (2010) and predicted future (2050) scenarios.  
As a preliminary assessment of the contribution of the ILPA network to hydro-climatic 
cycling, we estimated the proportion of mean annual ET in the Amazon Basin attributable to 
forests within protected areas. Similarly, we examined the location of Amazon ILPAs relative to 
the distribution of wetland and floodplain areas in order to estimate the proportion of wetland 
ecosystems that is legally protected. To assess the vulnerability of these ILPAs to future 
hydrologic fragmentation, we developed a hydrologic connectivity index (HCI) to summarize 
information on the zone of influence for each protected area. First we converted all data layers to 
an equal area projection (South America Albers Equal Area) and calculated the area of each 
ILPA and its ZOI. The HCI is simply the ratio of the ZOI to the ILPA area, allowing a rapid 
assessment of the relative location of each PA within its watershed and its vulnerability to 
upstream land-use changes and losses in connectivity. We used ordinary least squares regression 
(OLS) models to examine the relationship between the (log) area of ILPAs and both the (log) 
area of the ZOI and the (log) HCI. We also examined the effect of protected area type (i.e., 
indigenous, sustainable use, or strict) on both HCI and area, using a combination of analyses of 
variance (ANOVAs) and Tukey’s HSD tests. 
 In a separate analysis, we considered areas with an HCI greater than one to be at high 
risk, because in these cases the ZOI exceeds the area under protection by the conservation unit 
and, by extension, a large proportion of the headwaters region is potentially vulnerable to land-
use/cover changes. Using a similar logic, we classified areas with an HCI between 0.25 and 1 as 
medium risk and those with an HCI between 0 and 0.25 as low risk (Table 4.1). In the case of 




have resulted in a ZOI encompassing a large fraction of the Rio Negro Basin based on a short 
stretch of river passing through a corner of the park. This change switched Jaú from a high-risk 
to a low-risk status, which we deemed reasonable, since it is a large (>2 million ha) PA that 
encompasses most of the watershed of the Jaú River.  
 
Results 
Xingu Indigenous Park 
The Xingu Indigenous Park has a hydrological zone of influence more than four times its 
size, with 14 subwatersheds and several major rivers draining into the reserve from the 
agricultural landscape outside its borders. This drainage area contains over 7,500 impoundments 
(Macedo et al., in prep.) and an estimated 53,700 km of streams (SEMA, 2010). On average, 
there is at least one impoundment for every 7 km of stream length, although these are not evenly 
distributed in the landscape (Fig. 4.4b). Impoundments are most common in microbasins 
dominated by cattle pastures or soy croplands and more likely to occur in small headwater 
streams and along roads. As of the 2009-2010 growing year, 39% of the forested portion of the 
ZOI for the PIX was occupied by agriculture (Fig. 4.4a). Approximately one quarter of the area 
in agricultural production was under soybean cultivation and the remainder was in cattle 
ranching (Macedo et al., 2012). If development in the region were to follow a BAU trajectory 
(Soares et al., 2006), the deforested area in the ZOI is predicted to reach 79% by 2050. Under a 
governance scenario, the deforested area would increase to an estimated 48%. At the microbasin 
scale, this translates to half of all microbasins with less than 50% forest cover under BAU, 





Protecting hydrological services 
As noted by Soares and coauthors (2010), the Amazon network of ILPAs already protects 
54% of the remaining forests of the Brazilian Amazon and 56% of its forest carbon. These same 
forests also serve important hydrological functions by maintaining evapotranspiration (ET) and, 
thus, regulating regional water fluxes. Based on a combination of the MODIS ET time series and 
the protected area boundaries, we estimate that the network of Brazilian protected areas is also 
responsible for 54% of the annual ET flux in the Brazilian Amazon. The forests protected within 
indigenous reserves alone contribute approximately 26% of the annual ET flux for the Brazilian 
Amazon.  
 Given limited information about the distribution and diversity of freshwater species 
across the Amazon Basin, spatially explicit data on the distribution of ecologically important 
freshwater habitats may serve as a useful proxy. Wetland ecosystems and floodplain habitats are 
particularly rich and have been mapped successfully using a combination of optical and 
microwave remote sensing (Hess et al., 2009). Although these wetland areas occupy only 20% of 
the Amazon Basin, they are among the most important in sustaining hydrological and 
biogeochemical processes, biodiversity, economically important fisheries, and local livelihoods. 
Despite their importance for freshwater conservation, we estimate that only 24% of Amazon 
wetlands are under formal protection today.    
 
Amazon ILPAs 
Our database contained a total of 539 ILPAs, of which 53% were indigenous reserves, 
23% were sustainable use areas, and 24% were strict protected areas. In total, the network covers 




reserves was significantly smaller than that of either strict or sustainable use areas (Tukey’s 
HSD, p<0.001), even though they accounted for 47% of the area under protection. There was no 
statistical difference in the average size of strict and sustainable use areas.  
A total of 252 ILPAs (47%) had an HCI value of zero, corresponding to an area of 50 
million ha (24% of the total area under protection). Although small ILPAs (<250,000 ha, median 
area ~ 14,000 ha) accounted for 79% of the protected areas in this class, large ILPAs (median 
area ~ 500,000 ha) accounted for 84% of the area. These areas had no hydrological zone of 
influence and fell into two categories: 1) areas that encompassed entire watersheds or were 
situated in the headwaters, and 2) areas that had no streams flowing through them. The 
remaining 287 ILPAs had an HCI value greater than zero, indicating that they had a hydrological 
ZOI and that streams inside their borders were potentially vulnerable to land-use changes 
upstream. The (log) area of ILPAs was negatively correlated with (log) HCI (Fig. 4.6; p<0.001, 
R
2
=0.16). Protected area type was not a significant predictor of the HCI and adding it as a factor 
in the regression model did not improve the fit (ΔAIC=1). 
Of the 253 protected areas (strict and sustainable use PAs) considered in this analysis, a 
total of 71 were classified as high risk (HCI>1) with respect to potential losses in hydrologic 
connectivity, 146 as low risk (HCI<0.25), and the remaining areas as medium risk (Table 4.1). 
Of the high-risk PAs, 27 were strict protected areas and 44 were sustainable use areas. Of the 
286 indigenous lands, 58 were identified as high risk, 190 as low risk, and the remainder as 
medium risk (Table 4.1; Fig. 4.6).  
Although the HCI may be an indicator of the vulnerability of ILPAs to potential 
development threats upstream, it does not capture the actual likelihood of threat in the coming 




(Fig. 4.3). In general, ILPAs in the major subbasins of the western Amazon (e.g., the Solimões 
and Negro) are less likely to face large-scale land-use changes in the coming decades than those 
in the eastern subbasins (e.g., the Xingu and Tocantins), where agricultural expansion and 
infrastructure development is already underway (Fig. 4.1 and Fig. 4.6). To better understand the 
connection between potential risk (HCI) and the likelihood of land-use related threats, we 
examined the zones of influence of all high risk ILPAs under the BAU and GOV scenarios. By 
2050, approximately half of these ILPAs were predicted to experience greater than 40% 
deforestation within their ZOI under the business as usual scenario, compared to just over one-
quarter under the governance scenario (Fig. 4.8).  
 
Discussion 
Headwater streams represent between two-thirds and three-fourths of total stream length 
in a typical drainage basin and directly connect the upland and riparian landscape to the rest of 
the stream ecosystem (Freeman et al., 2007, Goulding et al., 2003). They not only contribute to 
the overall biodiversity of a stream network but also provide important spawning and rearing 
areas, as well as a source of nutrients in the form of organic matter (Deegan et al., 2011). The 
degradation of headwater streams and loss of connectivity to ecosystems downstream can, 
therefore, affect the biological integrity of entire river networks (Meyer et al., 2007). This is of 
particular concern in the upper Xingu Basin where the area downstream of the headwaters is 
designated for the protection of biodiversity and subsistence of indigenous populations. This 
study documents the extent to which agricultural expansion and intensification has already 




the landscape may help mitigate the downstream effects on protected areas in this and other 
frontier regions.  
In the case of the Xingu Indigenous Park, our results highlight the importance of 
considering hydrologic connectivity in the design and management of protected areas. 
Agricultural development in the Xingu headwaters had removed 40% of upland forest cover in 
the ZOI by 2010, with concomitant reductions in riparian forest buffers and increased 
fragmentation of the stream network by roads and small farm impoundments (Macedo et al., in 
prep.). This case study underscores the challenges of managing freshwater resources within 
protected areas in the face of large-scale changes in the surrounding landscape. Our spatially 
(and hydrologically) explicit approach provides a straightforward methodology for identifying 
the subwatersheds that most threaten streams inside the PIX and other Amazon ILPAs. This 
information can be used as an objective way of prioritizing the location and timing of mitigation 
activities (e.g., watershed land use planning, riparian buffer restoration), allowing for more 
efficient coordination and use of resources. 
The fact that the current ILPA network occupies over half of the Amazon Basin’s 
remaining forests, while protecting less than one-quarter of its wetland areas, is a testament to 
the inherent bias of protected areas towards terrestrial conservation targets. Nevertheless, the 
existing ILPA network contributes significantly to regional ET and, with strategic management, 
may make an important contribution to the conservation of freshwater ecosystems. Over 60% of 
the ILPAs examined in this study were at low risk of hydrologic fragmentation, meaning they 
encompassed entire watersheds or protected substantial portions of sensitive headwater regions. 
Of the protected areas identified as high risk, only half were under threat of substantial 




surrounding the remaining ILPAs – including land use zoning and planning, protection of 
riparian and wetland areas on private properties, and regulation of impoundments – has the 
potential to make a large difference in the conservation outcome of high-risk reserves. This 
research has practical applications for the selection and design of new protected areas and 
improved management of existing areas, both within the Amazon Basin and in other tropical 
watersheds facing similar development pressures. 
 
Limitations of the study and directions for future research  
Our assessment of the threats to freshwater ecosystems within protected areas is limited 
to large-scale deforestation and subsequent land-use changes. We believe this is a good starting 
point because it links satellite-derived landscape metrics with freely available data on protected 
area locations and hydrology, providing a simple framework that is applicable to conservation 
planning in data-poor regions (Thieme et al., 2007). It is worth noting, however, that the HCI 
index presented here is simplistic and captures only one aspect of ILPA vulnerability to 
hydrologic fragmentation. It does not, for example, consider the current and proposed 
distribution of hydroelectric dams in the Amazon, which directly impact hydrologic connectivity 
and, in some cases, may involve dam construction or large-scale flooding within protected areas. 
Furthermore, the HCI focuses solely on the potential influence of water flowing into protected 
areas from upstream, saying nothing of the freshwater conservation value of these areas. For 
example, a protected area with an HCI of zero may well have no streams or wetlands within its 
boundaries, making it of little use to freshwater conservation goals. Future research might focus 
on the development of a comprehensive index that incorporates more complex measures of 




Watershed vegetation is a key driver of fundamental hydrological processes, such as 
regional precipitation, discharge, and downstream fluxes of sediments and nutrients. In this 
regard, our analysis of ET considers only one aspect of hydrological cycling in ILPAs. Previous 
research indicates that large-scale deforestation alters the amount of ET, as well as the amount 
and timing of water flowing within rivers. By maintaining forest cover, ILPAs make an 
important contribution to this process, but large-scale deforestation outside protected areas has 
the potential to cause permanent reductions in regional rainfall and, thus, completely alter the 
capacity of ILPAs to provide hydrological services over the long term. Identifying these 
theoretical tipping points is an important area of on-going research.  
In addition to deforestation, there are a number of disturbances that may not respect the 
one-way flow of water or the designated boundaries of protected areas. These include, but are 
not limited to: water diversion, hydroelectric dams, commercial fisheries, multi-national 
investments in oil extraction and large infrastructure projects, non-point source pollution, 
changing global demands for agricultural commodities, and global climate change. Any one of 
these mechanisms can substantially alter the scenarios discussed here, increasing the 
vulnerability of remote ILPAs and presenting additional threats to freshwater resources within 
protected areas. Effective management and planning will require an adaptive approach anchored 
in periodic reassessments of land-use trajectories and infrastructure plans, and the development 
of new models that take these into account. 
A great deal of research effort has gone into bringing the principles of landscape ecology 
to bear on riverine ecosystems (Allan, 2004, Herbert et al., 2010, Nel et al., 2009), with many 
advances in the quantification of hydrologic connectivity (Calabrese &  Fagan, 2004, Cote et al., 




al., 2011), and improved design of freshwater conservation areas. As suggested by Barmuta et al. 
(2011), it’s time to bridge the gap between ‘planning’ and ‘doing’ in freshwater conservation. 
We suggest that a good way to start bringing these concepts to scale and testing them in the real 
world is by simply evaluating the existing ILPA network, identifying areas that are vulnerable to 
anthropogenic disturbance, and prioritizing management in areas that are under threat of 
development. This is a critical first step towards maximizing the potential of existing ILPAs to 






Table 4.1: Vulnerability of indigenous lands and protected areas to hydrologic fragmentation. 
  Indigenous Lands Strict PAs Sustainable Use PAs 
Risk ILs (#) Area (km2) HCI PAs (#) Area (km2) HCI PAs (#) Area (km2) HCI 
High 58 186462 5.8 27 110287 3.2 44 118407 2.5 
medium 38 284510 0.6 16 102091 0.5 20 167344 0.6 
low 190 516375 0 85 368179 0 61 226112 0 
Total 286 987347   128 580557   125 511863   
 








Figure 4.1: Overview of the Amazon Basin and its major sub-basins. Areas shaded in dark green include 
protected areas, indigenous reserves, and sustainable use areas. Areas shaded in blue represent wetland 












Figure 4.2: Three hypothetical locations of protected areas within the hydrological landscape: a) 
protection of the lower watershed (delta, estuary); b) protection of the middle watershed; and c) protection 
of the upper watershed (headwaters). Regardless of location, protected areas that occupy only a fraction 
of a watershed are vulnerable to hydrologic fragmentation and land cover change occurring outside their 





Figure 4.3: Modeled results for two development scenarios in the year 2050 (from Soares et al., 2006) for 
major subwatersheds of the Amazon Basin. (a) Area deforested under improved governance (GOV). (b) 
Area deforested assuming business as usual (BAU). 
a) c) b) 
watershed boundary 






Figure 4.4: Agricultural development in the zone of influence outside the Xingu Indigenous Park, 
summarized by microbasin (ANA, 2010). (a) Density of agriculture (pasture and soy croplands) in 2010, 
based on a 250-m resolution land use classification (Macedo et al., 2012). (b) Density of impoundments 







Figure 4.5: Relative frequency distribution of deforestation levels (%) in the 1166 microbasins 
comprising the zone of influence for the Xingu Indigenous Park. The actual distribution of area deforested 
in 2010 is compared to modeling results for deforestation under governance (GOV) and business as usual 




Figure 4.6: Relationship between the area of Indigenous Lands and Protected Areas (ILPAs) and the 
Hydrologic Connectivity Index (HCI). The HCI is a measure of protected area vulnerability to potential 






Figure 4.7: The Amazon network of indigenous lands and protected areas, categorized according to the 
hydrologic connectivity index. ILPAs with an HCI value greater than one are highly vulnerable to losses 
in hydrologic connectivity within the upstream zone of influence. Remote ILPAs in the western Amazon 




Figure 4.8: Predicted threat to ILPAs classified as high risk (HCI > 1) under BAU and GOV scenarios 
for 2050. The frequency distributions summarize predicted future deforestation levels (%) in the zones of 
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Chapter 5  
Land-use change in the Amazon: A multiscale assessment of the challenges and 




The forces driving changes in tropical forests – whether towards deforestation or forest 
conservation – operate across global, regional, and local scales. At the global scale, growing 
demand for agricultural commodities, such as soybeans, biofuels, and beef is a powerful driver 
of deforestation in tropical regions. At the same time, international efforts to reduce greenhouse 
gas (GHG) emissions and protect environmental services aim to create financial incentives and 
funding mechanisms for Reducing Emissions from Deforestation and Forest Degradation 
(REDD+), with the goal of conserving tropical forests. At the national scale, some policies fund 
large infrastructure projects that lead to deforestation, while others create extensive protected 
area systems to conserve biodiversity and protect the rights of forest-dependent peoples. 
Nowhere is this tug-of-war more evident today than in the Brazilian Amazon, at once a rapidly 
growing frontier of agriculture and infrastructure development and, in the last five years, a world 
leader in committing to and achieving GHG reductions through improved monitoring and 
decreased deforestation (Moutinho et al., 2011, Nepstad et al., 2009).  
The net outcome of these complex and often opposing forces in the Amazon Basin has 
implications for freshwater ecosystems at multiple scales. The large-scale conversion of forests 
to croplands and pasture grasses alters surface roughness, albedo, and the partitioning between 
latent and sensible heat fluxes, with consequences for regional and even global hydro-climatic 




triggers significant decreases in regional evapotranspiration and precipitation, potentially altering 
atmospheric circulation and rainfall patterns in distant regions. Within the Amazon, deforestation 
may inhibit and redistribute rainfall (Medvigy et al., 2011), increase surface temperatures 
(Loarie et al., 2011), and alter stream flow (Coe et al., 2011), all important factors that structure 
stream ecosystems. In agricultural landscapes, these hydrological changes may be further 
exacerbated by land use practices that lead to the degradation of riparian buffers, removal of 
watershed forest cover, installation of impoundments, soil compaction, and the use of chemical 
fertilizers and pesticides. This dissertation takes an incremental step towards understanding the 
multiscale causes and consequences of these changes for stream ecosystems by: 
 
(1) Identifying the spatial-temporal dynamics of deforestation and subsequent land use 
transitions in the southern Amazon (Chapter 2); 
 
(2) Analyzing the spatial distribution of impoundments, watershed forest cover, and riparian 
buffers (i.e., land management), and their implications for stream connectivity in the upper 
Xingu landscape (Chapter 3); 
 
(3) Quantifying the impact of land management on stream temperature at the catchment scale 
(Chapter 3); and 
 
(4) Assessing the vulnerability of the Amazon network of indigenous lands and protected areas 
to current and projected future deforestation in surrounding landscapes (Chapter 4). 
 
This chapter summarizes the major findings, introduces some of the relevant policies and 
institutions, and discusses the management opportunities that exist at each scale of study. 
 
Amazon Basin scale – Managing forest cover for multiple benefits 
Despite recent reductions in deforestation, agricultural expansion in the Amazon’s 
frontier has been and will likely continue to be the biggest driver of deforestation in the region 




National Policy for Climate Change has committed to an 80% decrease in deforestation by 2020, 
other national and agroindustry policies will make significant investments to increase 
agricultural production and the area under cultivation during the same time frame. The most 
plausible path to reconciling these two goals is a combination of policy incentives and 
enforcement mechanisms that direct the expansion of sugar cane, soybeans and other intensive 
crops onto the 72.6 million hectares (ha) of forest land that have already been cleared, of which 
15.2 million ha have been abandoned (Moutinho et al., 2011) and the remainder is used for 
extensive cattle ranching (Bowman et al., 2012). Results from Chapter 2 provide evidence that 
this shift from cropland expansion into forests to expansion onto already cleared lands is not only 
possible, but has already occurred in the forested region of Mato Grosso during the period from 
2000 to 2010 (Chapter 2; Macedo et al., 2012). Maintaining these gains while preventing indirect 
land use changes associated with the displacement of cattle ranching (Arima et al., 2011) to other 
regions will require investments to modernize and intensify the cattle sector, coupled with 
redoubled efforts to monitor and enforce anti-deforestation policies as local profits and 
commodity prices continue to climb (Angelsen, 2010, Bowman et al., 2012). 
The Amazon network of indigenous lands and protected areas (ILPA) is the cornerstone 
of forest conservation in the region, protecting 54% of remaining forests in the Brazilian 
Amazon today (Soares et al., 2010). The ILPA network has proven effective in containing 
deforestation and reducing anthropogenic fires, with clear benefits for the conservation of 
forests, their carbon stocks, and the many socio-ecological functions that they support (Nepstad 
et al., 2006a, Ricketts et al., 2010, Soares et al., 2010). These same ILPAs could be more 
effectively managed for the benefit of freshwater resources by evaluating upstream land-use 




areas (i.e., conservation or restoration of riparian buffers). Chapter 4 provides a simple 
framework for examining the hydrological context of protected areas and evaluating their 
vulnerability to potential losses in hydrologic connectivity due to deforestation upstream 
(Pringle, 2001). By using existing datasets and modeled scenarios of future development (Soares 
et al., 2006), it provides a practical method for rapid assessment of the ILPA network, allowing 
for periodic reevaluation of risks (i.e., deforestation, infrastructure projects) and the strategic 
allocation of resources to proactively manage these threats. Mitigation activities might include 
development of watershed land use plans, building the capacity of landowners to implement best 
practices on their properties, and the development of mechanisms to compensate landowners for 
avoided deforestation. In the near term, some of these mitigation efforts could be supported by 
existing funding mechanisms, including the Amazon Region Protected Area Program (ARPA) 
and the Amazon Fund (Moutinho et al., 2011). Potential future mechanisms under the U.N. 
Framework Convention on Climate Change (UNFCCC) REDD+ program could bring such 
efforts to scale, offering unprecedented opportunities for forest conservation on private and 
public lands in the Amazon, as well as tremendous challenges for monitoring, reporting, and 
verification (Moutinho et al., 2011, Nepstad et al., 2009, Stickler et al., 2009). 
 
Xingu Basin scale – Mitigating the impacts of agricultural expansion 
While the national and international policies mentioned above aim to change forest 
outcomes at the Amazon scale, their success or failure may ultimately be determined at the 
landscape scale. The long-term effectiveness of top-down rules for resource management may be 
contingent on the development of nested governance structures that operate at multiple scales 




2009, Ostrom et al., 1999). The case of the Xingu Indigenous Park (PIX), located in the heart of 
the Amazon’s agricultural frontier, illustrates the substantial challenges associated with 
achieving this multiscale coordination on the ground (Brondizio et al., 2009, Stickler, 2009, 
Stickler et al., 2009). Created in 1964, the park is designated for the subsistence of indigenous 
communities and conservation of the forests and freshwater resources they depend on. Despite 
effectively conserving forest cover within its borders, the 2.6 million ha reserve drains an area 
more than four times its size (Chapter 4), which today is increasingly dominated by cattle 
ranching and industrial soybean production (Chapter 2). Chapter 3 indicates that the removal of 
riparian forest buffers and installation of over 7,500 upstream impoundments (1 per 7 km of 
stream length) have had a large cumulative impact on headwater stream temperature and 
connectivity at the landscape scale, potentially compromising freshwater resources within the 
PIX.  
 Results from this dissertation underscore the importance of managing agricultural 
landscapes to mitigate the negative impacts (e.g., increased temperature) of production on stream 
ecosystems. Specifically, they confirm the importance of conserving riparian buffers in 
agricultural watersheds and highlight impoundments as a widespread – and currently unregulated 
– threat to hydrologic connectivity. The Brazilian Forest Code is the central piece of legislation 
governing the conservation and use of forests on rural properties in the Amazon forest biome. It 
not only mandates the conservation of riparian buffers, but also requires landowners to protect 
forests on 80% of their property. If fully implemented and enforced, the current Forest Code 
would facilitate coordination at the landscape scale and mitigate many of the potential impacts of 
agricultural development on freshwater ecosystems. The case of the Xingu headwaters illustrates 




capacity for enforcement, corruption within state and local government agencies, and inefficient 
collection of fines even when they are levied (Arima et al., 2005, Azevedo, 2009). In recent 
years, the state and federal governments have made much progress in improving enforcement by 
clarifying land tenure, developing satellite-based monitoring and environmental licensing at the 
property level, and prosecuting corrupt officials at several levels of government (Azevedo, 
2009). While these actions appear to have had an impact in deterring deforestation (Chapter 2), 
legislation currently under debate in the Brazilian Congress threatens to weaken the Forest Code 
by reducing riparian buffer requirements, providing amnesty for many producers who are not in 
compliance, and eliminating federal powers to prosecute environmental crimes at the state level.  
 
Microbasin scale – Managing rural properties 
Ultimately, the decisions that determine the distribution and configuration of forest cover 
in the landscape – and their influence on freshwater ecosystems – are made at the scale of 
individual properties. At this level, land use decisions are governed by very practical 
considerations, including (but not limited to) fluctuations in commodity prices, the monetary 
costs of adopting best practices, knowledge of the legal requirements, and the perceived costs 
and benefits of compliance. For example, results from Chapter 3 indicate that intact riparian 
buffers effectively regulate stream temperature by shading small streams. While this supports 
legal requirements of riparian buffers as a strategy for mitigating the impacts of agriculture, it 
says nothing of the logistical difficulty of making it happen on the ground.  
Many cattle ranches have large tracts of degraded riparian areas, which have been 
trampled by cattle and invaded by non-native pasture grasses that out-compete tree seedlings, 




managers, who are legally required to restore their riparian areas, may face several challenges. 
First, there is generally no dependable supply of native seedlings in the region, much less at the 
scale needed for restoration. Second, the technical capacity for successful restoration of these 
landscapes is still being developed. Even where landowners endeavor to grow their own 
seedlings, they have to find native seeds, test methods to get them to germinate, and develop 
techniques to manage pasture grasses, which otherwise prevent seedling establishment. Finally, 
the costs of implementing recommended management is often prohibitive. One option for 
restoring these landscapes is to provide conditions that allow them to recover on their own. For 
example, fencing livestock out of riparian areas is a direct way to reduce degradation, with 
immediate benefits for water quality (e.g., reduced sedimentation). For some cattle ranchers, 
even this option may be too expensive, as it requires substantial investment in fencing materials.  
 Despite the challenges mentioned above, many opportunities exist for improved 
governance and coordination of landowners on the ground. In the early 2000s, escalating 
deforestation in Mato Grosso prompted the development of several grassroots efforts aimed at 
facilitating change at the property level. Indigenous groups within the PIX have organized into 
an association (ATIX) to advocate for their rights; municipal programs and environmental NGOs 
have created native seed banks and worked with landowners to develop locally appropriate 
techniques for riparian restoration; and state institutions have developed registries that require 
documentation of property boundaries and development of management plans to bring them into 
compliance. These actions have been supported by restrictions on credit for illegal deforesters 
and industry-led moratoria focused on excluding soy and beef from the supply chains of major 
exporters. One of the most promising initiatives is the development of a voluntary land registry 




environmental responsibility at the farm scale. The initial effort has been supported by non-profit 
organizations (Aliança da Terra and the Amazon Environmental Research Institute) that provide 
extension services to help producers identify and map environmental problems on their 
properties; develop targets for improving their performance; and audit their progress towards 
those targets. Today, the registry has hundreds of registered farms and is working towards 
developing a market-based certification scheme to provide a financial incentive to producers.  
 
Governance – Challenges and opportunities for achieving cross-scale coordination 
Evidence from around the world suggests that an important characteristic of lasting 
management systems is that local forest users gain participation in rulemaking and forest 
management (Gibson et al., 2005, Persha et al., 2011). In this regard, the Amazon’s agricultural 
frontier poses both challenges and opportunities. A major challenge is the fact that landowners 
and land managers are generally newcomers to the region and, thus, may have very different 
perceptions of the value of forests and freshwater resources than do the indigenous groups who 
have used them for centuries (Brondizio et al., 2009, Cash et al., 2006). Furthermore, while 
management actions are executed at the farm level, they are often motivated by decisions at other 
scales and in other regions. A typical large landowner may live in a distant urban area and make 
decisions based on a complex set of factors, including global commodities markets, land prices, 
the availability of credit, and evolving perceptions about the relative risks and rewards of land 
use decisions. This mismatch between the scale of decision-making and the scale of management 
on the ground can lead to scenarios like the case of the PIX, where distant agribusiness interests 
benefit from land use decisions while local indigenous populations bear most of the costs.  
 Results from this dissertation indicate that the land use choices made locally can have a 




consequences that extend well beyond individual property boundaries. Managing these complex, 
cross-scale interactions will require the development of equally complex management systems 
that can operate at multiple levels and communicate across scales (see Chapter 1; Brondizio et 
al., 2009, Ostrom, 2009). As noted here, many of the institutional building blocks are already in 
place at each scale. The long-term management of Amazon forests and the connectivity of 
freshwater ecosystems they protect will likely depend on finding creative new ways to link these 
institutions and improve their effectiveness in an increasingly complex world. 
 
Summary and next steps 
 This dissertation lends new insights into the multiscale consequences of agricultural 
expansion for tropical stream ecosystems and leads to the following major conclusions:  
(1) Given the large supply of degraded pasture lands in the Amazon Basin, an opportunity 
exists to conserve forests while increasing agricultural expansion. Achieving this is 
contingent on developing effective policies that both contain deforestation and encourage 
more efficient use of already cleared lands. Results from Chapter 2 provide preliminary 
evidence that this transition is possible, but maintaining these gains will require 
investments to intensify the cattle sector. 
(2) In the Xingu Basin, large-scale agricultural expansion has decreased stream connectivity 
through the degradation of riparian buffers and the widespread installation of farm 
impoundments in the landscape. Results from Chapter 3 indicate that impoundments are a 
legacy of the region’s history of cattle ranching and provide the first documentation of 




(3) At the catchment scale, land management has a direct impact on the temperature of 
headwater streams. Results from Chapter 3 indicate that the removal of riparian forest 
buffers, installation of impoundments, and large-scale removal of watershed vegetation 
significantly increase stream temperature. Given how widespread these factors are in the 
Xingu landscape, they likely have a large cumulative impact on the stream network 
including downstream indigenous lands. 
(4) The Amazon network of indigenous lands and protected areas is already serving an 
important function by conserving standing forests and the freshwater ecosystems they 
support. Results from Chapter 4 indicate that at least 30% of these areas are vulnerable to 
current or future deforestation within their watersheds. Maximizing the potential of these 
areas to conserve freshwater resources will be contingent on managing future 
anthropogenic threats in surrounding landscapes.  
 Future research will focus on understanding the biotic implications of stream degradation 
and fragmentation. Specifically, I am interested in examining the influence of water quality (e.g., 
stream temperature, turbidity, and dissolved oxygen, among others) and stream fragmentation 
(e.g., impoundments, habitat degradation) on large-bodied fish species. Furthermore, I am 
interested in refining our understanding of the thresholds beyond which riparian degradation, 
watershed deforestation, and impoundments have a measurable impact on streams. These are 
critical next steps towards developing appropriate management criteria for mitigating the impacts 
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Appendix A  
 
Supplemental Figures and Tables for Chapter 2 – Decoupling of deforestation and 
soy production in the southern Amazon during the late 2000s 
 
Table A.1: Validation of decision tree using field data collected in July and August of 2010 
  Forest Pasture Cropland Total 
User's 
accuracy 
Forest 61 2 2 65 93.85% 
Pasture 5 145 5 155 93.55% 
Cropland 2 7 73 82 89.02% 
Total 68 154 80 302   
Producer's 
accuracy 89.71% 94.16% 91.25%     
            
Overall accuracy:  92.38%         







Figure A.1: Potential vegetation in the state of Mato Grosso (MT). The state is divided between Cerrado 





Figure A.2: Area planted in soy in Mato Grosso (bars) from Moderate Resolution Imaging 
Spectroradiometer (MODIS)-based estimates in this study and Brazilian government data (IBGE, 2011). 
The datasets show relatively good agreement (r = 0.94, R
2
 = 0.88, RMSE=0.44). Although soy is the most 
prevalent cash crop in the state, secondary row crops such as corn (dashed line) are also economically 






Figure A.3: Soybean area planted in Mato Grosso’s forested municipalities from 1990-2008 (IBGE, 






Figure A.4:  Postdeforestation land uses in Mato Grosso for large-scale (> 25 ha) deforestation during the 
periods from 2001 to 2005 (a) and 2006 to 2009 (b). Total deforestation during the two time periods was 
1.2 million ha and 0.23 million ha, respectively. Total soy production in forested municipalities was 16.5 
million tons and 20.3 million tons, respectively (IBGE, 2011). Data were derived from the PRODES 








Figure A.5: Allocation of annual changes in soy production to yield, expansion into forest, and expansion 
into already-cleared land in the forested region of Mato Grosso. Production and area data from the IBGE 






Figure A.6: Relationship between market indicators and deforestation for agriculture in Mato Grosso. (a) 
Correlation between profitability (CONAB, 2011, FGV, 2011b) and deforestation for cropland from 2001 
to 2009 (red dashed line; R
2
=0.39, n=9) and 2001 to 2007 only (black solid line; R
2
=0.64, n=7). (b) 
Correlation between the farm gate price of cattle (FGV, 2011a) and deforestation for pasture from 2001 to 
2009 (red dashed line; R
2
=0.04, n=9) and 2001 to 2007 only (black solid line; R
2









Figure A.7:  Soy area planted in Mato Grosso’s Cerrado (savannah woodlands and grasslands) and 
Amazon (tropical forest) biomes (Fig. A.1). Cumulative area planted (a) is derived from the MODIS 
analysis, whereas the annual area planted (b) compares IBGE municipal data (IBGE, 2011) and MODIS-







Figure A.8: Cerrado clearings for cropland in Mato Grosso from 2003 to 2010, based on published 
deforestation polygons (Ferreira et al., 2007) and MODIS-based land use classifications. Both total 




Figure A.9: Annual deforestation in the Brazilian Legal Amazon from 1995 to 2010 (INPE, 2011). The 








Figure A.10: Relative probability of conversion to cropland. The probability is determined by slope, 
climate, soil properties, road infrastructure, and other factors (Jasinski et al., 2005). State and federal 







Figure A.11: Decision tree classifier based on the MODIS EVI. The resulting land use classes are 
cropland (C), pasture/cerrado (P), and forest (F). Thresholds were determined using field training data 




Figure A.12: Classification output for Mato Grosso in 2010. The resulting land use classes are cropland 
(C), pasture/cerrado (P), and forest (F). The decision tree was trained using 2006 field data. Similar maps 
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Appendix B  
 
Supplemental Figures and Tables for Chapter 3 – In hot water: The influence of 






We acquired 12 Landsat-5 TM (L1G) scenes (bands 1-5) from the Brazilian National 
Institute for Space Research (INPE) with acquisition dates ranging from July 14 to August 08, 
2009. To minimize cloud cover, only dry season images were obtained. Geometric rectification 
was performed using nearest neighbor resampling to co-register each scene to its orthorectified 
GeoCover analogue obtained from the Global Land Cover Facility (GLCF), using a combination 
of manual and automated registration methods (Walker et al., 2010).  Co-registration was 
achieved with a root mean square (RMS) error of less than 0.5 pixels. Radiometric calibration 
and atmospheric correction were performed on each scene using ENVI 4.8. Scenes from the 
same date and path were then mosaicked together. Because seam lines were still visible across 
dates, we used the Iteratively Reweighted Multivariate Automated Detection (IR-MAD) 






Table B.1: Accuracy assessment of land use, land cover, and impoundment classification.  
MODIS Classification  - Land Use (independent validation with ground data) 
  Forest Pasture Cropland   Total Error (Commission) 
Forest 61 2 2   65 0.062 
Pasture 5 145 5   155 0.065 
Cropland 2 7 73   82 0.11 
Total  68 154 80       
Error (Omission) 0.102 0.058 0.0875       
              
Overall kappa  0.877           
Overall accuracy  92%           
       Landsat Classification - Riparian Forests (bootstrapped error estimate)   
  Agriculture Forest Water Wetland Total Error (Commission) 
Agriculture 228 5 0 1 234 0.026 
Forest 3 65 0 0 68 0.044 
Water 0 0 85 2 87 0.023 
Wetland 1 0 1 23 25 0.08 
Total  232 70 86 26     
Error (Omission) 0.017 0.071 0.012 0.115     
              
Overall kappa  0.948           
Overall accuracy  97%           
       ASTER Classification  - Impoundments (bootstrapped error estimate) 
  Impoundment Other     Total Error (Commission) 
Impoundment 109 2     111 0.018 
Other 2 289     291 0.007 
Total  111 291         
Error (Omission) 0.018 0.007         
              
Overall kappa  0.975           







Figure B.1: Land use in Mato Grosso, Brazil in 2010. The land use/cover classification was compiled 




Figure B.2: Mean proportion of catchments outside protected areas in each land use. Catchment 






Figure B.3: Estimated parameter coefficients for fixed effects included in the stream 
temperature model. Fixed effects included: FOR, percent forest cover in the watershed; AT, air 
temperature; RF, percent forest cover in the riparian buffer; LT, (log) light at the stream surface; 
PPT, (log) precipitation with a 2-week lag; and AT*FOR, an interaction term. 
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